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ABSTRACT
Aerial photographs from 1949 and 1997 were used to conduct spatial vegetation pattern and 
transition analyses of 287,000 ha of the montane ecoregion in Jasper National Park, Alberta. 
Metrics for quantifying montane landscape pattern included total patch area, number of 
patches, mean patch size, and edge density. In total, 16 vegetated and non-vegetated cover 
classes were used.
Results showed large shifts in vegetation pattern across the montane landscape of Jasper 
National Park. Vegetation transition largely followed natural sueeessional development. 
Patch number and total area of grassland, forb, wetland, and complex vegetation cover 
classes decreased, thus increasing relative rarity of these cover types across the montane 
landscape. Total patch edge decreased in nearly all vegetation classes. Significant increases 
occurred in mean patch sizes of vegetation cover, total forest cover, and coniferous cover. 
Patches of closed and dense canopy coniferous forest also showed significant increases in 
mean patch size with equivalent decreases in sparse and open coniferous canopy density. 
Encroachment and ingrowth of coniferous forest into grassland areas was indicated. In 
conjunction, fewer and larger patches of the dominant coniferous forest cover coupled with 
decreases in area and number of patches of historically and relatively rare vegetation classes 
indicated that the montane landscape became more uniform and homogeneous over the 48- 
year period of this study.
The natural range of landscape pattern variability likely affects a variety of ecological 
processes at multiple scales. Disturbances such as fire maintain a relatively fine-grained 
pattern of vegetation patches in various stages of succession. In the absence of disturbance, 
an increasingly homogeneous landscape poses potentially severe consequences to native flora 
and fauna, and increases the potential for large-scale, catastrophic fires. Significant changes 
in landscape vegetation structure since the early 1900’s have been noted in numerous studies 
across North America and have been attributed to historical fire regime variation, natural 
succession, decoupling of indigenous peoples from the landscape, and fire suppression.
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CHAPTER 1 -  INTRODUCTION
Ecological landscapes can be characterized as dynamic, heterogeneous patch mosaics in 
which abiotic and biotic components exist in a continual state of spatial and temporal flux. 
Forman and Godron (1986) defined a landscape as a heterogeneous land area composed of a 
cluster of interacting ecosystems that is repeated in similar form throughout. A landscape is 
not necessarily defined by size, but by the interacting mosaic of elements at a given scale 
(McGarigal and Marks 1995).
A heterogeneous mosaic of patches maintains biodiversity at all levels of the landscape 
through an aggregate of patches in various states of succession, thus providing a wide variety 
and abundance of important habitat types. Spatial pattern influences many ecological 
processes such as plant succession, population dynamics, foraging patterns, biodiversity, 
predator-prey interactions, dispersal, and the frequency and spread of disturbances (Romme 
1982, Romme and Knight 1982, Forman and Godron 1986, Addicott et al. 1987, Turner 
1987, O’Neill et al. 1988b, Turner 1989, Turner and Gardner 1991, McGarigal and Marks 
1995, Gustafson 1998).
1.1 Landscape Ecology
Landscape ecology has emerged as the new discipline for the study of ecological phenomena 
at broad ecological scales. It is largely based on the premise that strong reciprocal spatial 
and temporal relationships exist between landscape structure and ecological function and 
processes. There has developed a firm conceptual and theoretical foundation from which to
study landscape structure, function, and change (Forman and Godron 1986, Turner 1987, 
O’Neill et al. 1988a, O’Neill et al. 1988b, McGarigal and Marks 1995, Gustafson 1998, 
Turner et al. 2001, Li and Wu 2004). Numerous publications have provided comprehensive 
reviews of the history and development of landscape ecology (see Risser 1987, Forman and 
Godron 1986, O’Neill et al. 1988a, Turner and Gardner 1991, Gustafson 1998, Turner et al. 
2001).
1.2 Patches
Ecosystem mosaics can be said to consist of a variety of patches, typically discrete and 
internally homogeneous. However, patches fitting this description rarely occur in nature 
(Kotliar and Wiens 1990), but more likely appear as surface areas differing from their 
surroundings in nature or appearance (Wiens 1976). Patches vary widely in size, shape, type, 
heterogeneity, and boundary characteristics (Forman and Godron 1986). It is important to 
note that the perception of what constitutes an ecological patch is defined by the observer and 
the phenomenon being observed, and that patches exist at all spatial and temporal scales.
1.3 Heterogeneity
Landscape heterogeneity has received much attention from ecologists interested in the large- 
scale dynamics of landscapes. It has variously been referred to as environmental mosaics, 
spatial patterning of ecosystems in space, or patchiness (Gustafson 1998). The term spatial 
heterogeneity has been defined as the complexity and variability of a system property in time 
and space (Li and Reynolds 1995). However, a thorough definition of spatial heterogeneity 
as an ecological concept remains elusive likely due to the complexity of heterogeneity itself
(Kolassa and Rollo 1991, Li and Reynolds 1994). Comprehensive reviews have been 
published by Pickett and White (1985), Turner (1987), and Kolassa and Piekett (1991).
Heterogeneity is present at all spatial and temporal scales (Turner 1987, Kolassa and Pickett 
1991, Turner and Gardner 1991, Turner et al. 2001). There is increasing recognition that 
spatial heterogeneity contributes to community structure and species diversity at least as 
much as traditionally studied community level processes such as competition and predation 
(Brown and Sieg 1996). It is widely accepted that spatial heterogeneity may strongly 
influence ecosystem function and process (Forman and Godron 1986, Risser 1987, Turner 
1987, Kolassa and Piekett 1991, Turner and Gardner 1991, Gustafson 1998, Landres et al. 
1999, Turner et al. 2001). Moreover, changes in ecosystem functions and processes may 
produce changes in spatial heterogeneity (Li and Reynolds 1994).
A heterogeneous patch mosaic, whether the result of disturbance or natural succession, is part 
of a process varying spatially and temporally in relation to heterogeneity at a variety of 
scales, or temporally at one or many points in time (Kolasa and Rollo 1991). Spatial and 
temporal variation over a landscape produces a heterogeneous pattern of communities, or 
patches in various phases of succession, where at any one given scale, the structure and 
function of patches reflect those at finer scales, and in turn, largely determine the structure 
and function of those patches existing at broader scales (Kotliar and Wiens 1990).
1.4 Equilibrium
Spatially heterogeneous patch mosaics have often heen referred to as "shifting mosaics" 
(Forman and Godron 1986, Baker 1994, Camp et al. 1995, Gustafson 1998). In the absence 
of large-scale variation (i.e., climatic or human-induced change), spatial and temporal 
heterogeneity across landscapes may be in a state of dynamic equilibrium (Achuff et al. 
1996) or a "shifting-mosaic steady-state," as hypothesized by Bormann and Likens (1979). 
However, concepts of equilibrium are confounded by problems of scale, where if observed, 
may be only at specific spatial and temporal scales (Turner et al. 2001). Moreover, spatial 
disturbance regime variability may preclude ecosystems from ever reaching a stable mosaic 
state (Baker 1989a), but may, at sufficiently large spatial scales resolve themselves toward a 
stable state (Gumming et al. 1996).
The shifting-mosaic steady-state is spatially and temporally scale dependent. At relatively 
small scales, individual patches are continually changing in space and time -  what an 
observer may see as disequilibrium -  while at much larger scales, the landscape may appear 
to be in a state of spatial and temporal equilibrium. Simulated landscape states were shown 
by Boychuk and Perera (1997) to resolve themselves toward a state of equilibrium at larger 
scales while at much smaller scales forest communities displayed much spatial and temporal 
variability.
Loucks (1970) viewed community dynamics as “stationary processes with random 
perturbation.” According to Loucks, instability is observed because compositional and 
structural components of communities are constantly changing as succession continues, but
because sueeessional patterns are continually repeated, long-term patterns may be viewed as 
“stable.” Some authors have also suggested that landscape diversity contributes to stability 
because it increases the number and complexity of biological interactions (Heinselman 1973, 
Shafi and Yarranton 1973).
It seems apparent that the degree of equilibrium depends on the relative constancy of the 
disturbance regime, the degree of homo/heterogeneity of abiotic and biotic components 
within the system, and the relative size of the landscape itself. Shifting-mosaic steady-states 
are more likely in systems where disturbance is frequent and small in relatively 
homogeneous landscapes (Pickett and White 1985). Additionally, Shugart and West (1981) 
noted that landscape equilibrium is dependent on disturbance size and spatial extent, where a 
relatively large area can absorb a large disturbance, thus maintaining some degree of 
constancy.
1.5 Scale
Spatial heterogeneity is by definition scale dependent (Forman and Godron 1986, Wiens 
1989, Allen and Hoekstra 1991, McGarigal and Marks 1995, Gustafson 1998, Turner et al. 
2001), and may be observed from any perspective and spatial and temporal scale (Risser 
1987, Turner and Gardner 1991). Scale is not intrinsic to a system, but is imposed onto that 
system by an observer (Allen and Hoekstra 1991, Li and Reynolds 1994). Turner (1990) 
noted that parameters and processes important at one scale are frequently not important or 
predictive at another scale, and information is often lost as spatial data are considered at 
coarser scales of resolution. It is ultimately the scale at which spatial patterns or ecological
phenomenon are observed that defines and therefore constrains the amount of information 
which may be extracted from a given observation. Moreover, information derived from one 
scale may not readily transfer to other scales (Turner 1990, Turner et al. 1995). Many 
authors have noted the importance of considering spatial and temporal scale in studies of 
spatial pattern and ecological processes (Addicott et al. 1987, Risser 1987, Turner 1990, 
Haines-Young and Chopping 1996, O’Neill et al. 1996, Gustafson 1998).
1.6 Grain and Extent
The measurement of spatial or temporal heterogeneity requires explicit consideration of two 
primary aspects of scale; grain and extent (Turner et al. 1989b, Kotlier and Wiens 1990, Li 
and Reynolds 1994, McGarigal and Marks 1995, O’Neill et al. 1996, Gustafson 1998, Turner 
et al. 2001), which define the lower and upper limits of data resolution. Grain refers to the 
minimum data resolution, i.e., cell or polygon size, while extent is defined as the size of the 
landscape or study area. Another aspect which requires definition is minimum patch size, or 
the smallest definable area of any landscape feature. Minimum patch size is usually equal to 
or larger than the minimum resolution of the data as defined by the grain (McGarigal and 
Marks 1995).
1.7 Quantification of Landscape Pattern
Spatial heterogeneity shows a measurable variability that must be quantified before 
examining links between spatial pattern and ecological process (O’Neill et al. 1988a, Turner 
1990, Ripple et al. 1991, Li and Reynolds 1994, McGarigal and McComb 1995, Gustafson 
1998, Turner et al. 2001). Attempts to quantify spatial heterogeneity have resulted in the
development of a great number of indices that measure various characteristics of landscape 
pattern (O’Neill et al. 1988a, Gustafson and Parker 1992, Li and Reynolds 1994, McGarigal 
and Marks 1995, Riitters et al. 1995, Coppedge et al. 2002). Despite the variety of indices 
available and their extensive application in spatial pattern analyses, there remains much 
debate regarding which metrics are the best for a given application, which ones to use and 
when, and how to interpret the results of their use (Li and Reynolds 1994, Gustafson 1998, 
Baldwin et al. 2004, Li and Wu 2004). Moreover, generalizing relationships between spatial 
pattern and ecological process remains problematic (Tischendorf 2001). Nevertheless, some 
landscape pattern indices have heen found to he statistically significant indicators linking 
spatial heterogeneity with ecological process and change (Riitters et al. 1995, Gustafson 
1998, Herzog et al. 2001).
Many commonly used pattern quantification metrics can potentially he used to characterize 
spatial heterogeneity in categorical maps (Romme 1982, O’Neill et al. 1988a, Li and 
Reynolds 1994) even though transitions between ecosystems are usually not characterized by 
abrupt boundaries, but are more likely gradients between one system and another.
Categorical data are generally represented as discrete patches of relatively homogeneous 
character arranged to fit into a predetermined land cover classification scheme relevant to the 
system under observation. Patch boundaries are distinguished by qualitative discontinuities 
based on a set of arbitrarily defined criteria, or abrupt quantitative boundaries representing 
distinct system properties within a given study area.
Indices applied to the measurement of spatial heterogeneity are often grouped into two 
general categories: those that quantify the composition of the map without reference to 
spatial attributes, and those that quantify the spatial configuration of the map, requiring 
spatial information for their calculation (Li and Reynolds 1994, McGarigal and Marks 1995, 
Gustafson 1998).
Composition is easily quantified and refers to the number of patch types (classes) present, the 
relative abundance of each type in the landscape or study area, and diversity (Li and 
Reynolds 1994, McGarigal and Marks 1995, Gustafson 1998). Composition does not 
account for spatial characteristics or location within the landscape mosaic. Primary 
composition metrics include the relative proportion of each class, evenness, and diversity. 
Diversity indices usually represent the eombination of two diversity measures, richness 
(number of patch/class types), and evenness, which describes the distribution of area among 
classes. Measurements of diversity include Shannon’s, Simpson’s, and modified Simpson’s 
indices (Shafi and Yarranton 1973, O’Neill et al. 1988a, McGarigal and Marks 1995, Turner 
et al. 2001).
Configuration is more difficult to quantify and refers to the spatial arrangement, shape, and 
contrast between neighbouring patches within the class or landscape (Li and Reynolds 1994, 
McGarigal and Marks 1995). Spatially explicit indices of landscape configuration include 
patch size and density, fractal dimension, eontagion, and connectivity. There are numerous 
other metrics used to represent spatial configuration. Detailed reviews of these indices have
been published by Gustafson (1998), Li and Reynolds (1994), Haines-Young and Chopping 
(1996), and McGarigal and Marks (1995).
Landscape metrics have been grouped according to specific landscape and patch 
characteristics. (1) Area metrics measure patch size, density, and patch size variability at 
patch, class, and landscape levels. These metrics represent strictly compositional 
measurements without any spatial component. (2) Edge metrics measure total edge, edge 
density, and contrast at the patch, class, and landscape levels. These indices have no spatial 
component but may be considered as representing landscape configuration (McGarigal and 
Marks 1995), particularly those related to contrast, or nearest neighbour. (3) Shape metrics 
are generally based on perimeter-to-area relationships or fractal geometry to quantify 
landscape configuration. They are spatially explicit and quantify patch characteristics such 
as shape complexity. Other measurements of landscape configuration include contagion and 
interspersion (see O’Neill et al. 1988a, Turner 1989, Turner and Gardner 1991, Gustafson 
and Parker 1992, Li and Reynolds 1994, Turner et al. 2001).
The use and interpretation of landscape pattern indices have been extensively investigated. 
Many authors have noted strong correlations (Li and Reynolds 1994, Tischendorf 2001), 
redundancy (O’Neill et al. 1988a, Riitters et al. 1995), ambiguity (Gustafson and Parker 
1992), and the potential for single indices measuring multiple aspects of pattern (Gustafson 
1998) when various landscape metrics are used simultaneously. Landscape pattern indices 
are also sensitive to spatial resolution (Turner et al. 1991, Baker and Cai 1992, Turner et al. 
2001), and the level of detail in categorical data (Turner et al. 2001, Li and Wu 2004). As
Gustafson (1998) notes, .. interpretation problems can only be overcome by careful 
consideration of how the metric is calculated, the characteristics of the map data representing 
the pattern, and an understanding of the behaviour of the index as the pattern of interest 
changes.“
Despite the inherent limitations and challenges associated with the use of landscape pattern 
indices, promising results have been obtained from a variety of studies. Statistically 
significant differences have been reported in a number of studies examining relationships 
between landscape indices and ecological processes. These include species abundance 
(McGarigal and McComb 1995), distribution (With and Crist 1995), and dispersal 
(Gustafson and Gardner 1996). A number of authors have also stressed that although pattern 
metrics applied to categorical data may indeed link pattern with process, no single metric can 
entirely account for the relationship between spatial heterogeneity and ecological process 
(Gustafson 1998, Tischendorf 2001), and they urge the simultaneous use of several metrics 
in any consideration of spatial heterogeneity (Hulshoff 1995, McGarigal and Marks 1995, 
Gustafson 1998).
To this end, Haines-Young and Chopping (1996) recommended the use of metrics involving 
areal and linear measurement such as mean patch area, patch density, patch size variability, 
total edge, and edge density for describing landscape pattern since they generally problem- 
free and relatively easy to interpret. Moreover, when using several metrics in combination 
with one another to analyze categorical data, proportion, mean patch size, and number of 
patches indices are the most useful (Hulshoff 1995). Gustafson (1998) further states that the
10
patch type proportion often yields as much information as many other measures of 
heterogeneity.
1.8 Landscape Spatial and Temporal Change
One main factor of landscape ecology is that vegetation patterns are non-random results of 
interactions between organisms and their environment over time (Pastor et al. 1993). 
Temporal landscape spatial patterns are influenced by biological (succession, herbivory, 
growth, insects and disease), physical (windthrow, fire, climatic variability), and 
anthropogenic influences (fire suppression, development, non-native species introduction), 
the combination of which may dramatically alter the structural and compositional character 
of landscapes (Turner 1987, Baker 1989a, White and Mladenoff 1994, Barrett 2001).
In order to assess spatial and temporal landscape vegetation pattern change, the kinds and 
magnitude of landscape change from an initial state to some subsequent point, or points in 
time must first be determined. The existence of aerial photography spanning many decades 
and raster-based geographic information systems (GIS) technology, has provided 
increasingly powerful tools for the study of historic vegetation change.
Landscape vegetation pattern data derived from several time periods are the primary starting 
points in the development of simple transition frequency matrices and subsequently, 
predictive transitional models such as Markov chain and forest succession models (Usher 
1981, Turner et al. 2001). Transition frequency matrices involve tallying all pixels where, 
between the specified time interval, land cover classes changed from one state into another.
11
The resulting data are then generally converted into proportions and represented in an N x N 
matrix showing frequencies of change between land cover states.
With the widespread acceptance that landscape pattern is strongly influenced by historic 
events (Barrett 2001), and that the ability to model temporal spatial patterns is crucial to the 
understanding of landscape dynamics (Turner 1987). Spatial transition models are now 
widely used in landscape ecology (Weaver and Perera 2004), with a wide variety of 
approaches and subjects embodied in landscape models (Turner et al. 2001).
Transitional analyses of forest structure and composition derived from remotely sensed 
imagery can help managers and researchers to determine magnitude and probability of 
change, indicators of change, and plan for future possible scenarios. Describing the relative 
proportions of land cover change is a prerequisite to any predictive transition modeling 
(Turner 1987).
1.9 Disturbance
It is widely recognized that natural disturbance has a profound influence on landscape 
structure and ecosystem health. Pickett and White (1985) defined disturbance as, “any 
relatively discrete event in time that disrupts ecosystem, community, or population structure 
and changes resource, substrate availability, or the physical environment.” Agents of 
landscape disturbance such as climatic variability, fires, human incursion, insects, disease, 
and windthrow are an intrinsic part of landscape development (Brown 1975, Pickett and 
White 1985, Baker 1992, Camp et al. 1995, Boychuk and Perera 1997) and can be important
12
agents in the maintenance of biodiversity (Turner et al. 1995). Periodic disturbance at 
various scales increases heterogeneity in the post-disturbance community structure, and by 
altering the variety of species sueeessional and competitive opportunities, enhances overall 
ecosystem diversity (Christensen 1988, Hobbs and Huenneke 1992, Arno et al. 1993).
Abiotic (topography, soils, moisture) and biotic (patch mosaic structure and composition) 
components of a landscape will exert a strong influence on bow and to what degree any given 
disturbance will propagate across a landscape (Romme 1982, Knight 1987, Turner and 
Bratton 1987, Camp et al 1995). Temporal patch variability will also affect bow a 
disturbance affects the landscape, where some areas will escape disturbance events because 
of characteristics related to time since the last disturbance (Swanson et al. 1992). This 
spatially and temporally dynamic interaction of disturbance and landscape creates vegetation 
mosaics (Pickett and White 1985, Krummel et al. 1987), determines patterns of primary 
production, biomass accumulation, and nutrient pathways (Bormann and Likens 1979, 
Vitousek 1985), and governs overall diversity across the landscape (Forman and Godron 
1981).
The spatial heterogeneity of a landscape is the result of disturbance and sueeessional history 
(Veblen et al. 1994, Turner et al. 2001), and is believed to fundamentally influence present 
and future disturbance patterns (Turner 1987, Urban et al. 1987, Turner et al. 2001). Spatial 
pattern is often considered to result from disturbance, however, it is widely accepted that it 
also induces disturbance and other ecological processes (Turner et al. 1989a, Baldwin et al. 
2004). Risser (1987) noted that landscape heterogeneity may act as both a stabilizing agent
13
by spreading the potential of disturbance across a large spatial area, and as a factor that 
actually increases the possibility of disturbance.
Disturbance exhibits characteristic spatial and temporal patterns, or regimes. Barring any 
significant changes in climate or human influence, the disturbance regime of a landscape can, 
in theory, be considered to be in a state of equilibrium (Boychuk and Perera 1997).
However, the frequency, extent, and magnitude of disturbance cannot be viewed as exclusive 
to the disturbance, but must also be understood in the context of the degree to which the 
landscape itself influences the disturbance regime. The action of disturbance depends, in 
part, on the structural characteristics of individual patches existing at the time of disturbance, 
where disturbance intensity and magnitude is influenced by factors such as succession, age, 
composition. This suggests that, although disturbance events across landscapes may be 
considered random, their magnitude and intensity may be nonrandom, determined in part by 
intrinsic stand and landscape characteristics. Andison (2000) noted distinct patterns of 
disturbance behaviour in Jasper National Park, Canada where randomness had been 
previously assumed.
How a landscape responds to disturbance varies in time and space, with different components 
of the landscape responding differently and at different rates. Regardless of the cause of any 
alterations in disturbance regimes, a landscape will respond in ways that are measurable 
(Baker 1992). Simulation modelling has shown that landscapes can follow markedly 
different trajectories in different scenarios, even when starting from the same landscape state 
(Boychuk and Perera 1997). Disturbance effects may be perceived immediately, over
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decades or even centuries, with the response rate depending on landscape characteristics 
(Romme 1982, Baker 1992, Christensen 1993).
1.10 Fire As Natural Disturbance
As a disturbance agent, fire exerts significant spatial and temporal influenees on landscapes 
around the world. Its action shapes the structure and composition of landscapes by creating a 
mosaic of patches in various sueeessional stages, thus maintaining plant and animal diversity 
throughout the ecosystem. The importance of fire as a critical ecological process across 
North America has been widely reported in the literature. The role of fire in terrestrial 
landscapes has been thoroughly discussed in reviews by Heinselman (1971), Habeek and 
Mutch (1973), Brown (1975), Rowe and Scotter (1983), Wein and MacLean (1983), Lotan et 
al. (1985), Knight and Wallace (1989), Christensen (1993), Duschene (1994), Brown et al. 
(1995).
Much of the structure, Boristic composition, diversity, and sueeessional characteristics of 
many ecosystems can be attributed to the actions of periodic fire on the landscape (Mutch 
1970, Heinselman 1973, Tande 1979, Christensen 1988, Johnson and Fryer 1989, Swetnam 
and Betancourt 1990, Christensen 1993, Swetnam 1993, Barton 1995, Camp et al. 1995, 
Brown and Sieg 1996, Pyne et al. 1996, Boychuk and Perera 1997). Recurring fire has been 
shown to significantly influence spatial characteristics of the landscape patch mosaic 
(Romme 1982, Swetnam and Dieterich 1983, Baker 1989b, Turner et al 1993, Turner et al. 
1998) including patch diversity (Romme 1982, Baker 1992), patch size, shape, and 
complexity (Baker 1992), habitat availability (Heinselman 1973, Swetnam 1993, Brown and
15
Sieg 1996), and stand-age structure (Tande 1979, Stuart et al. 1989, Muir 1993, Parker and 
Parker 1994).
In the same way that fire has a powerful influence on ecological processes, so too does 
landscape heterogeneity affect fire behaviour (Mutch 1970, Heinselman 1973, Christensen 
1985, Swanson et al. 1992, Camp et al. 1995, Grissino-Mayer and Swetnam 1995). The 
manner in which fires spread across landscapes is in part dependent on the degree of physical 
and vegetative complexity. For landscapes where vegetation is relatively homogeneous, fires 
could often be expected to propagate uniformly across the landscape. In contrast, fire spread 
may be highly variable in heterogeneous landscapes with complex vegetative and 
topographical features. However, even landscapes with relatively uniform, homogeneous 
vegetation and topography may burn in a spatially variable fashion due to heterogeneous fuel 
loading and moisture gradients (Habeek and Mutch 1973, Heinselman 1973, Minnich 1983, 
Clark 1990b).
The pattern of episodic fire operating on a landscape displays certain characteristics in terms 
of fire frequency, type, extent, and severity, or its overall fire regime. A fire regime is the 
consequence of spatial and temporal interactions between features external to the ecosystem, 
including sources and frequency of ignition, climate, topography, and the spatial relationship 
to other ecosystems, and internal ecosystem properties such as fuel quantity, quality, and 
distribution (Christensen 1988, Camp et al. 1995, Brown and Sieg 1996).
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Of all factors affecting fire regimes, climatic conditions are likely the most important.
Despite the complexity of local fire regimes, overall fire activity often oscillates in phase 
with climatic variability on scales of seasons and years, to centuries (Clark 1990a, Overpeck 
et al. 1990, Johnson and Larsen 1991, Johnson and Wowchuk 1993, Swetnam 1993). Bessie 
and Johnson (1995) and Swetnam (1993) suggest that intrinsic vegetation and site 
characteristics may be overridden by regional climatic variability. Moreover, infrequent, 
short-term extreme fire weather (Fryer and Johnson 1988, Johnson et al. 1990, Johnson and 
Wowehuk 1993, Weir et al. 1995), or extended drought conditions may spatially homogenize 
moisture gradients across a landscape, potentially leading to large intense fires that burn 
indiscriminately across the landscape regardless of topographical variation. Conversely, 
under normal seasonal weather conditions, moisture gradients are more variable, leading to 
more heterogeneous burn patterns.
In the Canadian Rockies, it is clear that small-scale, short-term climatic fluctuations (i.e., 
seasonal atmospheric anomalies, summer dry periods, electrical storm activity) are important 
factors in fire behaviour (Fryer and Johnson 1988, Johnson et al. 1990, Barrett et al. 1991, 
Johnson and Wowchuk 1993). However, relative to long-term climatic trends they may have 
less influence on the overall fire regime (Clark 1988, Fryer and Johnson 1988, Clark 1990b, 
Barrett et al. 1991). Moreover, the influence of climate and fire on the landscape, is not 
unidirectional. Spatial and temporal fire regime variability certainly exert a substantial 
influence on landscape structure and composition, but these same components will, in turn, 
affect fire occurrence and behaviour.
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1.11 Natural Fire History
Local and regional climatic conditions affect moisture regimes, wind patterns, and ignition 
probabilities, ultimately influencing all aspects of the fire regime. Within patch and between 
patch variability, soils, and topography also influence fire type, intensity, and propagation 
across the landscape. Moreover, ecosystem productivity and decay rates determine fuel 
accumulation rates, which also strongly affect fire type and intensity (Heinselman 1973,
Clark 1988, Weir et al. 1995). The complex interaction of these variables largely determines 
all aspects of fire on the landscape.
Fire in Jasper National Park (JNP) was largely responsible for maintaining a landscape 
mosaic of variable stand-ages, densities, and variable stages of secondary succession until 
active fire suppression was implemented in 1913 (Tande 1979), and exerted a significant 
influence on species composition, habitat availability, nutrient availability, productivity, and 
diversity across the landscape (Heinselman 1975).
A number of fire regime studies have been conducted in JNP. Heinselman (1975) and Tande 
(1979) used fire history data spanning 310 years (1665-1975 AD) from approximately 43,000 
ha of montane and subalpine forest in the Athabasca River Valley around the Jasper townsite 
to determine historic fire behaviour and fire return intervals. Tande (1979) further developed 
a stand-origin map of this study area. More recently, as part of a long-term natural 
disturbance program in the Foothills Model Forest of Alberta, Andison (2000, 2003)
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conducted comprehensive, large-scale historic fire activity analyses on an area over 2.5 
million hectares, which included the montane ecoregion of JNP. Van Wagner (1995), using 
previously gathered fire history data from JNP, Banff National Park (BNP), and Kootenay 
National Park (KNP), conducted time-since-fire distribution analyses to determine fire cycles 
for these Parks.
Fire is traditionally the primary disturbanee in the park, affecting not only the montane, but 
other large areas of the park. The relatively dry, low elevation montane valley bottoms and 
open south- and west-facing slopes eommonly experienced frequent, low-intensity fires 
(Tande 1979), in combination with high-intensity stand-replacing and stand-maintaining fires 
(Andison 2003). This maintained a relatively fine-grained, complex mosaic of forest patches 
(Tande 1979), which would generally prevent the occurrence of large fires (Andison 2003). 
The montane landscape of JNP is dominated by smaller disturbance patches between 600 and 
2000 ha (Andison 2003).
The fire regime in the montane ecoregion has been variously reported as a mean fire return 
interval (MFRI) between 18-35 years with a fire cycle ranging from 55 (Tande 1979) to 85 
years (Van Wagner 1995)'. Mean fire return intervals and range of values for JNP montane 
are highly variable, especially in terms of the range of observations. However, when MFRIs 
are viewed in terms of vegetation type (Tande 1979), somewhat less variability is seen, 
although variability in the range of observations remains high -  1) Lodgepole pine forests;
' Mean fire return interval refers to the average return of fire to a given area, while the fire cycle is defined as 
the amount of time required to burn the entire area in question.
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MFRI = 26.8 yr. (range; 1-88 yr.), 2) Douglas-fir forests; MFRI = 17.6 yr. (range: 1-66 yr.), 
3) Grassland-savanna; MFRI = 20.6 yr. (range: 1-67 yr.).
There is striking regional and sub-eontinental similarity between fire interval estimates 
tbrougbout the Canadian and U.S. Rocky Mountains. Fire regimes of lodgepole 
pine/Douglas-fir forests of montane zones tbrougbout the Canadian and U.S. Rockies are 
usually subject to intermittent light- to moderate-intensity surface fires (Heinselman 1975).
In terms of fire types and intensities, post-fire vegetation structure and composition, and 
climate, the fire regime of the Athabasca River Valley, including other montane valleys in 
the Alberta Rockies, are more similar to that of the Bitterroot Mountains in Montana than 
surrounding pine forests of Alberta (Tande 1979).
The montane landscape of JNP experienced large, high-intensity, stand-replacing fire events 
in 1758, 1847, 1889, and 2003. With the exception of the 2003 Syncline Ridge wildfire, 
these major fires burned approximately 79%, 52%, and 51% of Tande’s (1979) study area, 
respectively. In southwestern Montana, growth-ring chronologies also showed that 1846 and 
1889 were exceptionally dry years (Arno and Gruell 1986). Similar findings for extremely 
dry conditions and large fires around 1889 were reported in South Dakota (Brown and Sieg 
1996) and northwestern Minnesota (Clark 1990b). This suggests that in some years, 
particularly 1889, drought conditions were continental in extent.
The majority of existing lodgepole pine forests in JNP were initiated following the 1889 fire. 
Heinselman (1975) suggested that much of the significant fire activity occurred at relatively
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long intervals during periods of extended drought. This assertion is consistent with the 
general rule that 95% of the area burned is due to 5% of the fires (Johnson et al. 1995, 
Wierzchowski et al. 2002), and may relate to the periodic occurrence of extreme fire weather 
proposed by Johnson and Wowchuk (1993). Tande (1979) noted that the MFRI was 65.5 yr. 
for historic fires that burned more than 50% of the study area, while Andison (2003) noted 
that over the 100 years prior to 1940, 1.25% of the JNP montane burned annually. Since 
1940, however, an average area of less than 0.001% of the montane ecoregion has burned 
annually (Andison 2003). Moreover, the probable existence of stand-maintaining surface 
fires affecting montane forests would result in much higher disturbance frequencies than 
previously reported historic fire cycle estimates for this area (Andison 2000).
There remains some uncertainty regarding the cause(s) of fire in JNP. Some authors 
maintain that lightning and extreme fire-weather events are the likely sources of fire events 
(Day 1972, Heinselmann 1975, Johnson and Larsen 1991, Johnson and Wowchuk 1993). 
However, the incidence of lightning strikes east of the continental divide in both JNP and 
BNP is relatively low (Achuff et al. 1996), and particularly low compared to the Rocky 
Mountain eastern slopes (Wierzchowski et al. 2002). Another reported ignition source were 
European settlers and railroad-related activities (Tande 1979). Although these groups likely 
started some fires, and may have produced the small observed increase in fire scar 
frequencies between 1911 and 1914, the overall area burned by these fires was negligible 
(Heinselmann 1975). Detailed fire reporting data from JNP have shown that very few fires 
of any significant size resulted from human activities between the 1940’s and 2000 (Jasper 
National Park 2004).
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One remaining souree of fire ignition in the montane eeoregions of JNP and BNP is the use 
of fire by indigenous peoples who may have had a signifieant influenee on the fire regimes of 
these areas (Aehuff et al. 1996, Rhemtulla 1999, White et al. 2000). There is an inereasing 
body of evidence that supports widespread use and sophisticated understanding of fire by 
these peoples to maintain sustainable sources of food and materials necessary for their 
survival (Kay and White 1995, Delaeourt and Delaeourt 1997, Kimmerer 2000, White et al. 
2000, Kimmerer and Lake 2001).
1.12 Historic Fire Regime Variability
There is widespread agreement that recent fire regime changes are signifieant departures 
from historic conditions. Evidence from the Canadian Rockies National Park forests indicate 
that substantial variation in fire regimes has occurred at various temporal scales (Van 
Wagner 1995). Despite some apparent inconsistencies between results -  usually the result of 
methodological differences -  findings suggest some overall trends, which can be used to 
highlight the magnitude of variation in fire regimes and suggest possible causes of these 
changes.
The influenee of climatic change on recent fire regime variability has received much 
attention. Some authors have concluded that climate remains the controlling factor in the 
oeeurrenee of fires and that fire suppression has had little overall effect on contemporary fire 
regimes (Johnson et al. 1990, Masters 1990, Savage and Swetnam 1990, Johnson and Larsen 
1991), while others support the opinion that no significant shift in climate sufficiently large 
enough to alter the broad fire regime has occurred (Barney and Stocks 1983, Van Wagner
22
1995, Achuff et al. 1996). Despite this controversy, there is sufficient evidence from fire- 
sear and charcoal studies to suggest that fire regimes do in fact respond to temporal climatic 
variability (Clark 1988, 1990b).
Tree ring analyses have shown significant changes in fire cycle estimates around the mid- 
1700s in the Canadian Rockies. In some cases, these changes have been attributed to a major 
climatic shift at the end of the Little Ice Age (Johnson and Fryer 1987, Johnson et al. 1990, 
Masters 1990, Johnson and Larsen 1991, Weir et al. 1995). Van Wagner (1995) used fire 
history data from the Canadian Rocky Mountain National Parks and found that although a 
mid-1700s anomaly occurred in JNP, no similar variation was noted in KNP. This 
contradicts Masters’ (1990) finding of a 1730 fire cycle change using these same KNP data. 
Moreover, in BNP, a noticeable fire cycle change occurred at around 1660, rather than 1730 
as in other studies (Van Wagner 1995). Although these results may indicate the 
indeterminate nature of time-since-fire distributions, they may be used as indicators of some 
overall trends regarding climatic change.
A mid-1700s anomaly attributed to the end of the relatively cool, moist Little Ice Age has 
also been noted in other studies, which combined analyses of fire-scars and charcoal horizons 
in lake sediments (Clark 1988, 1990b). The well-documented existence of the Little Ice Age 
across much of North America and Europe between the mid-18th and 19th century suggests 
large-scale climatic fluctuations. Studies from elsewhere in North America (Heinselman 
1973, Clark 1988, 1990a, 1990b) have also noted the mid-1700s anomaly, shorter fire cycles 
prior to mid-1700 and longer fire cycles afterwards. Shorter fire cycles were presumed to
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correspond to warm, dry climatic conditions preceding the Little Ice Age while cooler, wetter 
conditions after its onset resulted in larger fire cycles (Johnson et al. 1990, Clark 1988, 
1990b). Johnson and Larsen (1991) reported that these cool, moist conditions persisted up to 
around the mid-20* century.
In contrast to historic climatic change indicated from many time-since-fire distributions, 
recent conditions (1880-present) appear to have changed little (Barney and Stocks 1983). 
Ring-width chronologies between 1690 AD and 1800 from Douglas-fir forests in 
southwestern Montana suggest a relatively constant climate (Arno and Gruell 1986). Clark 
(1988) adds that the relatively warm-dry 20th-century climate would have produced 
substantially different fire regimes from the previous century, and further notes that in the 
absence of fire suppression, fire frequency would have increased in northwestern Minnesota 
by 20-40% (Clark 1990a).
It seems to follow that, given consistently warm, dry conditions, the incidence of fire would 
likely have increased rather than decreased as we have seen over the last century. 
Furthermore, it is reasonable to think that extreme fire weather conditions as suggested by 
Fryer and Johnson (1988), Masters (1990), Johnson et al. (1990), and Johnson and Wowchuk 
(1993), Weir et al. (1995) would have compounded the already warm and dry situation or, at 
very least, caused some large fires. However, with the exception of large fires in Waterton 
National Park (WNP) in the summer of 1998 and JNP, BNP, and KNP in 2003 no fires of 
any significant size have occurred in the Canadian Rockies National Parks over the last 80- 
100 yr.
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It should be noted that of the four wildfires between 1998 and 2003, only the fires in WNP 
and KNP were purely natural in origin (Dave Smith, pers. comm/). Until 2003, a large 
wildfire (>5000 ha) had not occurred in Banff National Park for almost 60 years (Rogeau
1996). In JNP, with the exception of two relatively small fires of 240 ha and 1200 ha and 
one large (28,000 ha) fire, which was initially of human origin, there has not been a major 
fire in the montane for over 110 years, exceeding Tande’s (1979) average return interval by 
factor of two.
Reports of significant departures from historic fire regimes are widespread. Heinselman 
(1973) showed that the fire cycle in northern Minnesota had changed from 127 yr. to 2000 yr. 
since the year 1910. Masters (1990) noted a fire cycle of greater than 2700 yr. after 1928 in 
KNP, far exceeding historic values. Comparing pre- and post-1935 fire frequencies, in 
Glacier National Park, Montana, Barrett et al. (1991) noted that over the last 100 years the 
average occurrence of years where one or more fires occurred decreased from 20 to 2 in that 
time. Also in Montana, Arno and Gruell (1986) found a fire interval of 26 years prior to 
1890, but since then, only one fire has been recorded. They further stated that up until 1988, 
current fire intervals represented some of the longest over three centuries. Van Wagner
(1995) also found a significant change in the fire cycle around 1930, 1940, and 1915 in KNP, 
BNP, and JNP, respectively. Prior to 1928 the average area burned in BNP was 246 
km^/decade, however, between 1930 and 1995 only an average of 19.7 km^/decade has 
burned (Achuff et al. 1996). Furthermore, the current fire-free interval is the longest in the 
past five hundred years for all Rocky Mountain National Parks (Van Wagner 1995, Achuff et
' FireWegetation Specialist, Resource Conservation, Parks Canada, Jasper
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al. 1996). Other studies reporting significant decreases in fire intervals throughout the North 
American Rocky Mountains at the end of the 19th-century are numerous (Arno 1980, 
Swetnam and Dieterich 1983, Arno and Gruell 1986, Swetnam 1993, Caprio and Swetnam 
1995, Brown and Sieg 1996).
In contrast, no significant fire frequency distribution changes were recorded between 1730 
and 1972 in Kananaskis Valley, Alberta (Johnson and Fryer 1987) and between 1760 and 
1988 in Glacier National Park, B.C. (Johnson et al. 1990). Similarly, Masters (1990) found 
no changes in the same indices between the years 1788 and 1928. Masters (1990), however, 
found marked fire cycle variation after 1928, attributing the change to higher than normal 
precipitation levels. Using these same data. Van Wagner (1995) also found a significant 
change in the fire cycle around 1930, but none between 1512 and 1931, in contrast to 
Masters’ (1990) results.
Indeed, the absence of large fires for nearly 100 years over such an immense geographic area 
-  which experienced a much higher fire frequency historically -  despite favourable fire 
weather conditions, indicates that some other factor beyond climate is responsible. The 
implication is that the fire regime has become disconnected from fire weather (Van Wagner 
1995). Active fire suppression provides the best explanation for recent fire regime alteration.
1.13 Fire Exclusion
Dramatic changes in fire regimes since around the start of the 20'*' century have been 
attributed to fire exclusion, particularly fire suppression (Heinselman 1973, Christensen
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1988, Clark 1988, 1990b, Barrett et al. 1991, Baker 1992, 1994, Caprio and Swetnam 1995, 
Keane et al. 2002). Intensive fire history studies in JNP also found significant changes in fire 
intervals coinciding with the advent of fire suppression in 1913 (Heinselman 1975, Tande 
1979).
Empirically linking fire suppression, fire regime variability, and landscape change is a 
formidable task due to the relative lack of suitably "natural" landscapes, which might be used 
as experimental controls. Moreover, isolating the effects of fire suppression on landscape 
structure is problematic because of several competing sources of change, including changes 
in disturbance type, spatio-temporal variation in disturbance under a relatively constant 
overall disturbance regime, direct human influence, and alteration due to climatic change 
(Baker 1992). Although direct empirical testing is a daunting task, strong circumstantial 
evidence supports the effect of fire suppression on the landscape since the late 19th- and 
early 20th-century (Christensen 1988, Clark 1988, 1990a, Barrett et al. 1991, Baker 1992, 
Caprio and Swetnam 1995).
Recent fire regime alteration is widely agreed to be a real deviation from historic norms 
(Baker 1992, Swetnam 1993, Achuff et al. 1996). Moreover, numerous authors suggest that 
any change in disturbance regimes will result in corresponding changes in the structure and 
function of an ecosystem regardless of the causes behind the alteration (Christensen 1988, 
Baker 1992). In contrast to the effects of climatic change, the consequences of fire reduction 
on landscape structure are detectable and measurable (Habeck and Mutch 1973, Baker 1992, 
Swetnam 1993).
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Active fire suppression became policy for many protected areas across North America 
shortly after 1900. At this time the role of fire in natural landscapes was poorly understood 
and fire was seen as the bane of landscapes, to be fought at all costs. In the effort to protect 
what was seen as a static environment, forest managers attempted to extinguish all fires. 
Massive public education campaigns were undertaken to alert the general public to the 
dangers of forest wildfire, and shaped the opinion of generations of North Amerieans. In 
essence, the combination of governmental policy and public opinion dramatically altered 
natural fire regimes across many fire-prone landscapes.
Within the last 25 years or so, researeh into the effects of fire on landseapes has substantiated 
the role of fire as a key component in the structure and function of many ecosystems. 
Landscape managers and governmental agencies have responded by changing fire 
suppression policies and adjusting public education programs. Today, the critical role of fire 
in natural landscapes is widely accepted across a broad spectrum of society. Unfortunately, 
this recognition came somewhat late, and after many decades, the detrimental effects of 
active fire suppression are clearly evident and have contributed to widespread alteration in 
community structure and function throughout North America.
As a result of dramatic shifts in fire regimes across a broad variety of landscapes since the 
turn of the century, corresponding landscape changes are expected, thus making it possible to 
develop and test hypotheses regarding the effects of this variation. The effects of fire 
suppression on landscapes seem somewhat intuitive, however, corroborating empirical 
evidence is not abundant due to the eomplexity relating landscape pattern, process, and
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change, and the difficulty in gathering data spanning decades and centuries. In order to 
empirically conclude that fire suppression is the primary causal agent, several competing 
sources of landscape change must first be eliminated, ineluding, 1) changes in type of 
disturbance, 2) simple deviation from historic norms, and 3) alteration of climatically 
controlled disturbanee regimes by climate change (i.e., global warming) (Baker 1992).
Potential consequences of fire suppression are numerous and well documented. Fire 
suppression affects all levels of ecosystem structure and function at all scales from the most 
fundamental ecosystem processes to the broadest landscape charaeteristics. Signifieant 
unnatural successional changes resulting from fire suppression have led to exclusion of some 
species from their natural habitat (Hobbs and Huenneke 1992), decreased habitat quality for 
flora and fauna (Heinselman 1973, 1975, Arno and Gruell 1986, Achuff et al. 1996, Brown 
and Sieg 1996), altered nutrient cycling (Heinselman 1973, 1975, Brown and Sieg 1996), 
decreased seedling establishment (Barton 1995), and increased incidence of insects, disease, 
and pathogens (Heinselman 1973, 1975, Arno and Gruell 1986, Camp et al. 1995, Brown and 
Sieg 1996, Keane et al. 2002).
Broad stmctural and compositional changes in stands are also attributed to fire suppression. 
Periodic fire maintains most stands across the landscape at a variety of successional stages.
In the absence of fire, succession is allowed to proceed to an abnormal structural state. Stand 
density increases, and shade-tolerant understory species, normally restricted by fire, increase 
in abundance. Ultimately, serai, shade-intolerant species, normally dominant under natural 
fire regimes, are replaeed by elimax species (Romme and Knight 1982, Camp et al. 1995,
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Achuff et al. 1996). Increased crown and understory density also increases the potential for 
intense catastrophic fires through the spread of fire to tree crowns. Many decades of fire 
suppression have led to conditions where fuel accumulations have reached the point where 
stand-replacing fires are predicted (Habeck and Mutch 1973, Heinselman 1973, Lunan and 
Habeck 1973, Swetnam and Dieterich 1983, Clark 1988, 1990a, Swetnam 1993, Barrett and 
Amo 1995, Weir et al. 1995, Brown and Sieg 1996, Keane et al. 2002).
As succession proceeds unimpeded, forest patches expand and invade areas they would 
otherwise be restricted from through the actions of episodic fire. As successional 
opportunities decrease and the landscape homogenizes, habitat availability and quality for 
wildlife species diminishes. Because fire is no longer present in many areas, many formerly 
open habitats, particularly grassland areas, are becoming increasingly encroached upon by 
other forest (mainly Douglas-fir) types (Habeck and Mutch 1973, Lunan and Habeck 1973, 
Swetnam and Dieterich 1983, Amo and Gmell 1986, Baker 1992, Grassland Conservation 
Council of British Columbia 2003). In the southern Canadian Rockies the absence of fire has 
led to to replacement of aspen and lodgepole pine, shmb, and grassland communities by 
spmee-fir forest (Aehuff et al. 1996).
As one might expect, dramatic change within and between forest patches will ultimately 
result in observable landscape change. As the variety of successional stages across 
landscapes diminishes and forest crown cover and patch boundaries expand into other, 
relatively open habitats, an overall concomitant decrease in landscape variability and patch 
diversity will also occur. Many authors have noted signifieant decreases in landscape
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heterogeneity and diversity under a regime of total fire exclusion (Romme 1982, Romme and 
Knight 1982, Clark 1990a, Camp et al. 1995, Keane et al. 2002). In BNP, Achuff et al.
(1996) simulated future vegetation changes for 95 yr. in the absence of fire and reported an 
overall loss of biodiversity; from 29 initial vegetation cover classes, only 10 remained after 
95 yr.
In JNP, the consequences of the lack of fire are particularly noticeable. Since active fire 
suppression was implemented (ca. 1913), montane landscapes have significantly changed. 
Comparing oblique photographs taken in 1915 with those from the present, Rhemtulla (1999) 
clearly showed dramatic change in forest cover over the last eight decades. Heinselman 
(1975) noted probable ecological changes resulting from fire exclusion which included, 
changes in nutrient eycling and energy pathways, organic matter accumulation, decreased 
habitat availability, unnatural aging and successional ehanges, and closing-up of grasslands. 
The landscape mosaic of JNP is becoming more simplified and increasingly homogeneous as 
a result. Similar conditions are found in other Rocky Mountain National Parks. In BNP, for 
example, a reduction of burning has resulted in a general shift in forest ages toward older 
age-classes (Rogeau 1996).
Few studies have examined historic change within the context of landscape vegetation 
pattern. To date, only one study of vegetation transition spanning 5 or more decades has 
been undertaken in the Canadian Rocky Mountains (Rhemtulla 1999). The purpose of this 
study was to augment results from studies of landscape vegetation pattern variability that 
actually do exist and provide baseline data regarding historic landscape variability within
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JNP. To this end, patch variability and transition were assessed for 16 vegetated and non­
vegetated classes in a 287,000 ha area of the montane ecoregion of Jasper National Park 
between 1949 and 1997. Due to the influenee of fire on generating and maintaining 
vegetation patterns within the Park, a large portion of the discussion will focus on fire and 
the effects of its exclusion on the montane landscape of JNP.
The objectives of this study were to, 1) assess current and historic montane landscape patch 
structure, 2) determine the magnitude and extent of historic variation in this structure, and 3) 
produce quantified baseline montane landscape structure data.
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CHAPTER 2 -  STUDY AREA, MATERIAL AND METHODS
2.1 Study Area
Jasper National Park is located in the province of Alberta in the Canadian Rocky Mountains 
along the eastern side of the continental divide (Fig. 1). Jasper’s 11,228 km^ land base 
extends from approximately 52° lO'N at its southern tip to 53° 30'N in the north. It is the 
northernmost of the contiguous Four-Mountain Parks system, consisting of Jasper, Banff, 
Kootenay, and Yoho National Parks.
Figure 1. Jasper National Park, Alberta.
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Topography is characteristic of mountainous terrain, consisting of a wide variety of features 
ranging from broad U-shaped glacially carved valley bottoms to steep ridges, cliffs, and 
exposed rock. The entire region has been heavily influenced by major glacial processes, and 
evidence of past glacial events can be found throughout the Park. Some sections of the park 
remain heavily glaciated. Elevation ranges from approximately 1000-3800 m.
Geologically, parent material in JNP consists of extensive assemblages of highly fractured, 
steeply uplifted, and tilted sedimentary and metamorphic rock. Rock types are generally 
Lower Cambrian to Upper Devonian limestones, dolomites, shales, quartzites, sandstones, 
and conglomerates, with localized outcroppings of highly metamorphosed sedimentary 
material.
The headwaters of several major river systems are located within the Park along with 
numerous large and small lakes, tarns, and wetlands dispersed across the landscape. Valley 
bottoms are usually composed of a mixture of glacial outwash and morainal debris, lake 
sediment, and river deposits. The complexity of drainage patterns and topography has 
resulted in all possible combinations of slopes and aspects (Holland and Coen 1982).
The three main eeoregions in JNP, montane, subalpine, and alpine are determined by 
gradients of elevation, moisture, and slope and aspect. The relative abundance of these 
eeoregions in the park are 7.3% montane, 31.1% lower subalpine, 27.1% upper subalpine, 
and 33.5 % alpine. The alpine ecoregion consists of all areas above treeline, including 
vegetated and non-vegetated areas. Montane forests extend to an elevation of about 1350m,
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followed by subalpine environments, extending to elevations of usually no more than 2200m. 
Alpine eeoregions generally constitute all areas above this elevation (Holland and Coen 
1982). This study considers approximately 287,000 ha, or 36% of the total (797,000 ha) of 
montane extent within the Park (Fig. 2). Initially, an examination of the entire montane 
ecoregion was considered, but due to time and logistical constraints, a smaller area was 
ultimately chosen.
The montane ecoregion is the most biologically diverse region of the park and provides 
major year-round and seasonal habitat for many small and large mammal and bird species, 
both herbivorous and carnivorous. It is also the focus of most human concentration and 
development within the park.
Figure 2. Study area and montane ecoregion, Jasper National Park, Alberta.
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JNP lies in the rain shadow of the Continental Divide. In contrast to the relatively cool, 
moist areas west of the Divide, much of JNP, particularly the montane landscape, is 
relatively warm and considerably drier (Holland and Coen 1982). Mean annual air 
temperature is 3.1° C, with a July mean daily maximum of 22.2° C, and a January daily 
minimum of -15.6° C (Gadd 1995). Mean annual precipitation within the montane is 394 
mm, and winter snowfall averages 144 cm (Gadd 1995). Precipitation is generally 
concentrated in the warm season with June being the month of highest precipitation (mean 
5.3 cm). Temperature decreases and precipitation increases with elevation, resulting in 
generally cooler and wetter conditions at higher elevations.
Although only 7% of the Park is montane, 90% of that is forested (Andison 1997). Mature 
montane forests are generally dominated by Douglas fir (Pseudotsuga menziesii) and white 
spruce {Picea glauca), mostly developed from fire-origin lodgepole pine {Pinus contorta) 
forests (Holland and Coen 1982).
Trembling aspen {Populus tremuloides) is the main deciduous tree species existing in widely 
dispersed, sporadic stands. Grassland, forb, shrub, and wetland vegetation cover classes are 
relatively rare and often exist as widely separated patches. On relatively dry sites, savanna- 
type grasslands dominated by junegrass-pasture (Koeleria cristata), sage-wild (Artemesia 
sp.), and blue flax (Linum lewisii) form the mature vegetation (Holland and Coen 1982). 
Montane grassland regions in Banff National Park are maintained by fire, drought from wind, 
shallow soils, and exposure (Achuff et al. 1996); there is no indication that JNP is any 
different.
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Coniferous structure often consists of pure even-aged lodgepole pine, white spruce, and 
Douglas fir stands, although uneven-aged and multiple-aged stands have been identified 
(Tande 1979, La Roi and Hnatiuk 1980, Parker and Parker 1994). Extensive pure stands of 
lodgepole pine are common and almost entirely consist of 100-120 yr. old age-elasses, with 
only relatively small amounts of young forest (Andison 1997). It is the usual dominant in 
areas burned over within the last 150 yr (La Roi and Hnatiuk 1980).
Disturbance types in lodgepole pine forests include insect outbreaks, windthrow, and floods 
(White et al. 2000). Mountain pine beetle (Dendroctonus ponderosae) infestations, 
commonly associated with lodgepole pine forests, are currently rare in JNP. However, very 
localized outbreaks of mountain pine beetle have been detected near the west and 
northwestern portions of the Park. (Dave Smith, pers. comm.).
In the absence of major disturbance, lodgepole pine forest will follow an overall predictable 
pattern of successional stages (Romme 1982), and is generally the dominant tree species 100- 
180 yr. before succumbing to fire or insects (Barrett et al. 1991). Lodgepole pine stand 
development is unlikely to proceed for long without some disturbance intervention (Muir 
1993), the most common being fire.
Pine stands are strongly influenced by disturbance type, ranging from relatively minor events 
such as gap creation to high intensity, stand-replacing, and stand-maintaining disturbances. 
The occurrence of stand-replacing events is supported by even-aged stand structures in many 
Rocky Mountain lodgepole pine stands (Parker and Parker 1994), varying in age since the
37
last stand-replacing fire (Romme 1982, Romme and Despain 1989). In the JNP montane, 
however even-, and multiple-aged stands have been identified (Tande 1979, Andison 2000), 
which indicates a combination of stand-replacing and stand-maintaining fires (Andison 
2000).
In North America, the occurrence of electrical storms decreases more or less systematically 
from south to north with JNP experiencing lower electrical storm frequencies than montane 
forest zones in the United States (Heinselman 1975). Additionally, lightning caused fires are 
significantly less in JNP than adjacent easterly regions and those areas west of the 
Continental Divide, resulting in a condition where lightning and lightning fire is a relatively 
rare event in JNP (Wierzchowski et al. 2002). Lightning strike density averages 12 
hits/1000 ha (17 hits/100 ha for montane regions), 4-5 times less than the foothills east of the 
park (Andison 1997). Lightning strike activity roughly follows a pattern of decreasing 
density with increasing elevation. Relatively higher densities of strikes are found at the 
lower montane elevations as compared to higher elevation subalpine elevations (Andison
1997).
2.2 Materials and Methods
Aerial photographs from 1949 were obtained from original negatives from Alberta 
Environmental Proteetion (Edmonton, AB). Photographs from 1997 were obtained from 
Geographic Air Survey (Edmonton, AB). Both sets of photographs were flown in early 
September at a scale of 1:40 000. Areas of homogeneous land cover were delineated as
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polygons based on the classification scheme found in Appendix A. Polygon attribute 
databases were designed and populated with classified data for each time period.
Minimum polygon size was set at 5 ha (all polygons > 4.5 ha were also included in the 
datasets). At a map scale of 1: 40 000, the finest possible resolution, or grain, was 0.16ha 
(40m X 40m). Spatial extent was equal to that of the study area, or 287,000 ha. This 
comprised approximately 37% of the total JNP montane ecoregion area (786,000 ha). All 
efforts were taken to not include areas < 40m wide, i.e., polygon constrictions such as roads, 
creeks, streams. Linear anthropogenic features such as travel corridors > 40 m in width were 
included in the analyses despite the fact that in numerous cases these features bisected 
obviously contiguous vegetation patches. Since the scope of this study did not include forest 
stand-ages, no efforts were made to assign stand-ages to forest patches.
Hierarchical classification schemes for vegetated and non-vegetated cover (Appendix A) 
were derived from the Ecological (Biophysical) Land Classification of Banff and Jasper 
National Parks (Holland and Coen 1982), Alberta Vegetation Inventory (1991), and BC 
Resources Inventory Committee (1998). A single vegetation class not found in these three 
documents, but included in this study, was the complex vegetation type. It was defined as 
that cover class composed of adjacent, non-mappable and variable vegetation patterns not 
meeting the designated minimum polygon size (> 4.5 ha) set for this study. In this event, 
they were aggregated into one polygon and given the complex vegetation designation.
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All photo interpretation and polygon elassification for each of the 1949 and 1997 time 
periods was conducted independently to reduce interpreter bias. Each time period required 
18 photographs to cover the study area.
Once complete, the delineated photographs were digitized, georectified, and joined in a 
Geographic Information System (CIS) using Arclnfo® v7.x/v8.x (ESRI Technologies) to 
form seamless polygon coverages of the study area for 1949 and 1997. A detailed 
description of the methodology for this process can be found in Appendix B.
Class and Patch Analysis: Eollowing the recommendations of Gustafson (1998), Hulshoff 
(1995), and Haines-Young and Chopping (1996) metrics chosen for this study included total 
area (CA), number of patches (NP), mean patch size (MPS), patch size coefficient of 
variance (PSCoV), edge density (ED), or the ratio of the total length (m) of edge in landscape 
for any given class and the total landscape (study area) area. Shannon's evenness index (SEX) 
was also included as a general indicator of the amount and direction of landscape 
heterogeneity variability. This index does not yield meaningful or significant information 
when used alone, but when used in conjunction with other landscape metrics, can be useful in 
understanding the patterns and types of change occurring within a region (Snetsinger and 
Ventura 2000).
Coniferous forest cover ploygons for each time period were also aggregated into five patch 
size (ha) classes; 5-10, 10-50, 50-100, 100-500, and > 500. This type of class distribution
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analysis has shown some utility for interpreting forest pattern and structure change (Wolter 
and White 2002).
The Arc View® v3.x extension, Patch Analyst v2.2 (Rempel 2002) was used to calculate class 
and landscape metrics. Patch Analyst is similar to the FRAGSTATS spatial pattern analysis 
software developed by McGarigal and Marks (1995). Metrics were calculated for all 
vegetation and non-vegetation, forest cover and forest canopy closure classes, and the 
landscape as a whole. Details regarding landscape and class metrics used in this study can be 
found in Appendix C.
Patch size data were log-transformed to normalize skewed distributions. Shapiro-Wilks W- 
test for normality was conducted on the log-transformed data with values of p < 0.01 
considered non-normal (Di Bucchianico et al. 2001). Bartlett's homogeneity of variances 
(HOY) test was also condueted on these data. Sample sizes between the two time periods 
were considered equal if within a factor of 1.5x (Zumbo 1998).
Statistical analyses of some landscape metrics are limited to those metrics from which mean 
values can be derived, i.e., MPS. In most cases, however, only a single number is reported 
for a landscape, and there may be little understanding as to the degree to which a landscape 
must change before a statistically significant change is found, thus limiting the use of 
traditional methods of significance testing (Turner et al. 2001). Consequently, it is common 
for magnitude of change to be presented as percentages. In this study, all statistical analyses 
were conducted using Statistica® v6.0 (StatSoft) and/or Minitab® vl3.0 (Minitab, Inc.) at a
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significance level of a= 0.05. This level of signifieanee was chosen due mainly to the 
exploratory nature of this study.
Although the parametric one-way ANOVA and two-sample t-tests are quite robust to all but 
severe departures from normality and equality of variances (Zar 1996), a rather conservative 
approach utilizing the non-parametric Mann-Whitney U-tests was used for pairwise 
comparisons.
A stratified random sample design was used to determine sampling plots for ground-truthing 
of aerial photographs. A total of 65 plots were sampled for canopy closure. All orientation 
along transects and plot locating was conducted with compass and Geographic Positioning 
System (GPS) units. Once plots were loeated, a Lemmon concave spherical densiometer was 
used to gather canopy closure estimates for each plot. A total of 5 readings were gathered at 
each plot, one at plot’s centre, and 4 others 5m from the centre corresponding to the four 
cardinal directions. All estimates were then averaged to arrive at a final canopy closure 
value. The percentage of stands classified correctly compared to those derived from plot 
samples provided an estimate of categorical data accuracy. Ninety-six non-forest (grassland, 
forb, shrub, and wetland) sites were also chosen non-randomly and visited throughout the 
1999 sampling season to assess photo interpretation accuracy. This methodology could, of 
course, only be applied to the 1997 dataset. It was presumed that classification error should 
be consistent throughout both 1949 and 1997 datasets.
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Vesetation Transition Analysis: The 1949 and 1997 Arclnfo " polygon coverages were 
subsequently rasterized at a 25m^ cellsize to match the JNP digital elevation model (DEM) 
and imported into IDRIS I® Kilimanjaro (Clark Labs). The choice of 25m^ cell size decreased 
the grain for this portion of the patch analysis, by about 2.5 times, but minimum polygon size 
remained constant. Moreover, a 25m^ cell size was chosen to match that of the JNP DEM, 
from which slope and aspect attributes were derived. The IDRISI® CROSSTAB module 
was used to generate raster cover class transition datasets and transition matrices. All 
coniferous canopy closure data were extracted from the raster datasets for further analyses.
Raster slope and aspect datasets were extracted from the JNP DEM and reclassified. See 
Appendix B for classification scheme. Coniferous canopy closure raster crosstabulation data 
were reclassified to decrease, no change, and increased canopy closure, and overlaid using 
ArcGIS® IDENTITY on each of the slope and aspect datasets to assess the potential 
contribution of slope and aspect on forest change.
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CHAPTER 3 -  RESULTS
3.1 Class and Patch Analysis
Landscape'. Noticeable changes in most landscape indices occurred across the montane 
landscape between 1949 and 1997 (Table 1; Figs. 3, 4). The number of discrete patches >4.5 
ha decreased by 26.4% from 891 to 656. Edge density decreased by 19.3%, and Shannon’s 
Evenness Index (SET) decreased by 12.17%. Mean patch size increased by 34.4% but was 
not considered statistically significant using the nonparametric Mann-Whitney U-test (p = 
0 .122).
When all vegetated cover classes, including forest cover were aggregated and examined, the 
number of patches showed a decrease of 27.6% (Table 1), edge density decreased by 22.5%. 
Mean patch size increased by 38.7%. This difference was statistically significant (p = 0.05) 
using the Mann-Whitney U-test.
The same method applied to non-vegetated cover classes indicated relatively little change in 
total area, number of patches, mean patch size, and edge density.
A. Non-forested vegetation cover classes
With few exceptions, most cover class metrics experienced marked decreases for nearly all 
non-forested vegetation cover classes. As can be seen from Figures 5 and 6, large shifts in 
non-forested vegetation occurred between 1949 and 1997.
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Table 1. Patch indices and change (%) in montane vegetation, non-vegetation, and forest 
cover classes in Jasper National Park, Alberta (1949-1997). Significance testing 
using the Mann-Whitney U-test conducted on mean patch size results only (MPS).
TA (la) HP MPS (ha) PSCoV ED(mÆa) ~~
Class Type 1949 1997 % d if 1949 1997 % i i f  1949 1997 % dif 1949 1997 % d if 1949 1997 % d if
Landscape
AË classes 28174.0 28174,0 -  891
Vegetated classes 24033.3 24132.2 0.4 789.0 J'
Non-vegetated classes 4140.7 4037.9 -2.5 102.0 !
Non-Forest Vegetation
-26.4 31.6 42.5 34.4 290.35 276.97 -4.6 136.4 109.9 -19.4
-27.6 30.5 42.3 38.7 * 294.01 280.19 -4.7 113.1 87.7 -22.5
-9.8 40.6 43.9 8.1 264.12 257.42 -2.5 23.3 22.2 -4.6
Grassland 768.2 366.6 -52.3 31 13 -58.1 24.8 28.2 13.8 119.91 78.70 -34.4 4.0 1.8 -55.8
Shrub 537.7 749.9 39.5 38 36 -5.3 14.1 20.8 47.2 116.42 95.82 -17.7 3.5 3.8 8.8
Forb 909.8 297.4 -67.3 57 29 -49.1 16.0 10.3 -35.7 * 88.43 88.31 -0.1 5.9 2.4 -60.0
Complex 1037.7 287.3 -72.3 50 21 -58.0 20.8 13.7 -34.1 93.10 63.53 -31.8 5.3 1.9 -64.1
Wetland 4269 304.6 -28.7 27 31 14.8 15.8 9.8 -37.9 108.79 52.99 -51.3 2.7 2.3 -14.5
Non-Vegetated
Bedrock 
Exposed soil 
Silt and mud 
Water
Human development 
Forest
633.3 411.0 -35.1 20 17 -15.0 31.7 24.2 329 124.39 164.34 32.1 3.1 2.0 -35.0
205.1 77.9 -62.0 21 6 -71.4 9.8 13.0 32.9 41.58 57.61 38.6 1.9 0.7 -63.0
72.1 117.6 63.1 7 10 429 10.3 11.8 14.2 48.12 52.56 9.2 0.8 1.0 35.5
24809 2290,3 -7,7 47 44 -6.4 52.8 52.1 -1.4 268.29 240.28 -10.4 108 99 -1.6
749.3 1141.1 52.3 7 15 114.3 107.0 76.1 -28.9 128.56 219.27 70.6 7.5 8.6 14.6
Total forest cover 20352.9 22126.4 8.7 586 434 -259 34.7 51.0 46.8 * 296.35 267.93 -9.6 91.7 75.5 -17.6
Coniferous forest 18624.8 20365.7 9.3 524 371 -29.2 35.5 54.9 54.4 * 305.00 267.02 -12.5 83.9 69.2 -17.5
Deciduous forest 752.1 790.1 5.0 40 36 -10.0 18.8 21.9 16.7 109.48 127.51 16.5 4.0 3.3 -18.2
Mixed forest 976.0 970.7 -0.5 22 27 22.7 44.4 36.0 -19.0 69.02 127.28 84.4 3.8 3.0 -19.3
Coniferous Canopy
Sparse (6 - 20%) 2129.7 771.3 -63.8 112 51 -54.5 19.0 15.1 -20.5 114.06 92.30 -19.1 139 5.2 -62.8
Open (21-40%) 4699.1 2706.3 ■42.4 152 115 -24.3 30.9 23.5 -239 19591 130.38 -33.4 21.7 12.7 -41.2
Closed (41-60%) 3824.8 7305.7 91.0 135 111 -17.8 28.3 65.8 132.3 * 138.05 178.65 29.4 18.4 24.5 32.9
Dense (>60%) 7971.2 9582.2 20.2 125 94 -24.8 63.8 1019 599 * 319.87 245.83 -23.1 29.8 26.8 -10.2
Deciduous Canopy
Sparse (6 - 20%) - — — — " — — — — “ — - -
Open (21-40%) 78.7 21.5 -72.6 5 2 -60.0 15.7 10.8 -31.6 65.71 1.50 -97.7 0.4 0.2 -61.5
Closed (41-60%) 528.6 403.6 -23.6 25 17 -32.0 21.1 23.7 12.3 115.56 130.29 12.7 2.8 1.6 -43.6
Dense l> 60%) 144.8 364.9 151.9 10 17 70.0 14.5 21.5 48.2 73.03 121.77 66.8 0.9 1.6 80.8
* indicates statistically significant differences
TA= Total Area FSCoV= Patch Size Coefficient o f Variation
NP = No. o f Patches ED = Edge Density
MPS = Mean Patch Size W dif = percent d i#rence between 1949 and 1997
45
Additionally, the large decreases in several metrics, particularly total class area, patch 
number, and edge density within nearly all these classes strongly indicates increased rarity of 
some cover classes. One can also see from Figures 5 and 6, an apparent shift of some cover 
classes toward others, particularly wetland to forb, and forb to shrub cover. Even more 
noticeable from these and other cover classes, (grassland and complex cover classes) is the 
complete disappearance of many patches into the surrounding matrix.
It should not be interpreted that some vegetation patches completely disappeared, because in 
many cases, they still existed as remnants of the originally delineated areas of cover. 
However, because they did not meet minimum polygon size (> 4.5 ha) or width (> 40 m for 
narrow polygons), a number of these vegetated areas remained in 1997 were not included in 
the dataset.
Grassland: Substantial changes in nearly all grassland cover class metrics occurred between 
1949 and 1997 (Table I; Fig. 7). Also very evident is the dramatic decrease in spatial 
representation of grassland across the montane landscape between the two time periods.
Total area occupied by grassland decreased by 52.3% and number of patches decreased by 
58.1%, from 31 patches to 13. Surprisingly, mean patch size increased by 13.8%, probably 
resulting from a strong influence exerted by several larger grassland patches in the 
calculation of the mean (see Fig. 7). This result, however, was not considered statistically 
significant (p = 0.52). Patch size variability decreased by 34.4%, while edge density saw a
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decrease of 55.8%. Overall, there were clearly fewer and more widely dispersed grassland 
patches, occupying a much smaller proportion of the landseape in 1997.
Shrub: The shrub cover class showed sizeable changes in several indices between 1949 and 
1997 (Table 1; Fig. 8). In contrast to large decreases seen in two indices (total area and mean 
patch size) for other non-forest vegetation classes, this cover class showed sizeable increases 
in these same indices. Although not statistically significant (p = 0.12), mean patch size 
increased markedly by 47.2%, while total area increased by 39.5%. Number of shrub patches 
and edge density remained relatively stable, decreasing by only 5.3% and 8.8%, respeetively. 
Patch size variability decreased by 17.7%.
Forb: Dramatic changes in 4 of 5 indices occurred within the forb cover class. Spatial 
extent of forb cover decreased by 67.3%, while mean patch size showed a significant (p = 
0.009) decrease of 35.7%. Patch number decreased from 57 to 29 patches (49.1%), with an 
correspondingly large decrease in edge density of 60%. There was almost no change in patch 
size variability (Table 1). These changes completely altered forb presence within the 
montane. Figure 9 very graphically depicts the loss of a great many forb patches, resulting in 
diminished spatial representation and increased rarity of this cover class.
Complex Vesetation: The complex vegetation cover class showed substantial changes in all 
5 indices studied. Total area decreased by 72.3% and number of patches decreased by 58.0% 
from 50 to 21 patches. Although not statistically significant (p = 0.09), mean patch size 
noticeably decreased by 34.1%. Patch size variability decreased by 31.8% while edge
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density showed a decrease of 64.1%. Figure 10 clearly shows that by 1997 complex 
vegetation patches decreased in spatial extent, patch size, and number.
Wetland: Relative to the other non-forested vegetation cover classes, wetland cover 
experienced the smallest overall change. Total area decreased by 28.7%, while the number 
of patches increased by a modest 15.8% from 27 to 31 patches. The increase in number of 
wetland patches appears to have resulted from the fragmentation of formerly larger wetland 
areas into smaller patches and the appearance of a few wetland patches that did not exist in 
1949 (Fig. 11). Mean patch size showed a large decrease of 37.9%, but was not found to be 
statistically significant (p = 0.43). Patch size variability decreased substantially by 51.3%, 
while edge density decreased by 14.5%.
B. Non-vegetated cover classes
With the exception of water, all non-vegetated classes exhibited noticeable changes in nearly 
all class metrics. As was seen with vegetated cover, non-vegetated patches generally 
decreased in number and size between 1949 and 1997. No statistically significant differences 
in mean patch size were found for any of the non-vegetated classes, although mean patch size 
increased for all non-vegetated classes except that of the human development and water 
classes (Table 1). Figures 12 and 13 provide a graphic depiction of changes in these indices 
for non-vegetated cover classes between 1949 and 1997. As with the non-forested vegetation 
classes, the non-vegetated cover classes are relatively rare and widely dispersed across the 
montane landscape.
48
Bedrock'. Total area and number of bedrock patches decreased by 35.1% and 15.0%, 
respeetively. Mean patch size increased by 32.9%, and patch size variability showed a 
comparable increase of 32.0%.
Exposed Soil: Sizeable decreases in 3 of 5 indices occurred within the exposed soil class 
(Table 1). Total area, number of patches, and patch edge density showed decreases of 
62.0%, 71.4% and 63.0%, respectively. The decrease in mean patch size was not considered 
statistically significant (p = 0.50). The number of patches decreased of 71.4% and relative 
patch size variability increased by 38.6%.
Silt/Mud and Water: Water cover showed only minor changes for all metrics. However, the 
silt/mud cover class, generally associated with river and floodplain features, experienced 
large increases in total area (63.1%) and number of patches (42.9%), with a small increase in 
mean patch size (14.2%).
Human development'. Between 1949 and 1997, human development increased in total area 
by 52.3%, with a substantial increase in number of patches of 114.3%. Edge density and 
patch size variability increased by 14.6% and 70.6%, respectively.
The decreased mean patch size of 28.9% was not statistically significant (p = 0.84). Although 
several large patches existing in 1949 increased in size by 1997, the introduction of a number 
of much smaller patches measuring approximately 5ha in area during that time likely resulted 
in the observed decrease in mean patch size.
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C. Forest cover classes
Both time periods were largely dominated by forest cover. Forest cover comprised 72% of 
the study area in 1949, and 78.5% in 1997. Figures 14 and 15 show large shifts in forest 
cover classes for all forest cover classes. The number of montane forest patches decreased 
by 25.9% and mean patch size significantly increased (46.8%; p = 0.005). Total forested 
area increased by only 8.7%, but patch edge density showed a larger decrease of 17.6% 
(Table 1).
Deciduous forest cover: Deciduous forest cover was the least represented of all three forest 
types in the study area for both time periods; 3.7% in 1949, and 3.6% in 1997 (Figs. 14 and 
15). Within this time deciduous forest showed increases in 2 of 4 indices. Total patch area 
increased by only 5.0% and the number of patches decreased by 10.0%. Mean patch size 
increased by 16.7%, but was not considered statistically significant (p = 0.09). Patch size 
variability also increased by 16.5%. Patch edge density decreased by 18.2% (Table 1).
An overall increase in deciduous canopy closure was also observed as indicated by 
substantial increases in total area (151.9%) and mean patch size (70.0), and a relatively 
modest increase in patch number (21.5%). Decreases of similar magnitude were also seen in 
the lower, closed and open canopy closure classes. No sparse deciduous canopy cover was 
observed in the study area in both time periods.
Mixed forest cover: Between 1949 and 1997 the total area of mixed forest cover largely 
remained stable, decreasing by only 0.5% (Table 1; Figs. 14 and 15). An increase of 22.7%
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in the number of patches and the decrease of 19.0% in mean patch size was not significant (p 
= 0.09). A comparable decrease in edge density of 19.3% was also observed. Patch size 
variability increased substantially by 84.4%.
Coniferous forest cover. Coniferous forest represented the majority of vegetation cover 
throughout the study area; 84.7% in 1949 and 91.7% in 1997. In addition, relative to other 
forest cover classes, greater than 90% of both 1949 and 1997 landscapes consisted of 
coniferous forest (Figs. 16 and 17).
Of all the forest cover classes, coniferous forest experienced the greatest changes. Although 
the total area of this class increased by only 9.3%, the number of coniferous forest patches 
decreased noticeably by 29.2%. Mean patch size increased significantly 
(p = 0.002) by 54.4%. Patch size variability showed a decrease of 12.5% and edge density 
decreased by 17.5% (Table 1).
D. Coniferous canopy closure structure and composition
Coniferous canopy closure: Substantial changes occurred within the montane coniferous 
canopy density between 1949 and 1997. Coniferous canopy became increasingly dense and 
patches decreased in number (Table 1, Figs. 18-21). Within canopies of <40% closure, most 
indices decreased, while for classes of > 40% canopy closure two metrics, total area and 
patch size, increased substantially. The number of patches for these canopy closure types 
also showed large decreases. Patch size variability decreased for all classes except for the 
closed canopy (41-60%) cover class.
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Figure 3. Montane vegetated and non-vegetated cover (1949), Jasper National Park,
Alberta.
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Figure 4. Montane vegetated and non-vegetated cover (1997), Jasper National Park,
Alberta.
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Figure 5. Montane non-forested vegetation cover (1949), Jasper National Park,
Alberta.
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Figure 6. Montane non-forested vegetation cover (1997), Jasper National Park,
Alberta.
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Figure 7. Montane grassland cover, Jasper National Park, Alberta (1949-1997).
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Figure 8. Montane shrub cover, Jasper National Park, Alberta (1949-1997).
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Figure 9. Montane forb cover, Jasper National Park, Alberta (1949-1997).
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Figure 10. Montane complex vegetation cover, Jasper National Park, Alberta (1949-
1997).
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Figure 11. Montane wetland cover, Jasper National Park, Alberta (1949-1997).
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Figure 12. Montane non-vegetated cover (1949), Jasper National Park, Alberta.
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Figure 13. Montane non-vegetated cover (1997), Jasper National Park, Alberta.
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Figure 14. Montane forest cover (1949), Jasper National Park, Alberta.
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Figure 15. Montane forest cover (1997), Jasper National Park, Alberta.
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Figure 16. Montane coniferous forest cover (1949), Jasper National Park, Alberta.
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Figure 17. Montane coniferous forest cover (1997), Jasper National Park, Alberta.
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Figure 18. Sparse montane coniferous forest cover, Jasper National Park, Alberta
(1949-1997).
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Figure 19. Open montane coniferous forest cover, Jasper National Park, Alberta
(1949-1997).
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Figure 20. Closed montane coniferous forest cover, Jasper National Park, Alberta
(1949-1997).
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Figure 21. Dense montane coniferous forest cover, Jasper National Park, Alberta
(1949-1997).
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Sparse and open canopy closure: Within sparse (6-20% ) and open (21-40%) eoniferous 
canopy closure classes, moderate to large decreases in all indices was observed (Table 1). 
Between 1949 and 1997, both classes became noticeably less common across the montane 
landscape (Figs. 18 and 19).
Total area and number of patches of sparse and open canopy closure cover classes decreased 
by 63.8% and 42.4%, respectively. Number of sparse canopy patches decreased by 54.5%, 
while for the open canopy class, patch number decreased by 24.3%. Mean patch sizes for 
sparse and open canopy patches decreased by 20.5% and 23.9%, respectively. The decreases 
in mean patch size were not statistically significant (sparse, p = 0.16; open, p = 0.61). Patch 
size variability also decreased for both canopy closure classes. Patch edge density of sparse 
canopy classes decreased by 62.8%, and open canopy cover by 41.2%.
Closed and dense canopy closure: In 1949, a relatively equal balance existed between 
sparse, open, and closes canopy closure coniferous forest. Of these three cover classes open 
canopy forest occupied a larger area in 1949 than the other two classes. But by 1997, closed 
canopy closure patches occupied a disproportionately larger area (Table 1). In both time 
periods dense canopy closure patches clearly dominated coniferous forest types (Figs. 20 and 
21).
Within closed and dense coniferous canopy classes, moderate to large shifts in total area 
were observed, increasing by 91.0%, and 20.2%, respectively. Number of closed canopy 
patches decreased by 17.8% and dense canopy cover by 24.8%. Mean patch size of closed
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canopy cover increased by 132.3%, while for closed canopy patches the increase was 59.9%. 
These increases in mean patch size were statistically significant for both closed (p = 0.0007), 
and dense (p = 0.0182) canopy closure classes.
Edge density and patch size variability for the closed canopy class showed increases of 
32.9% and 18.4%, respectively. In contrast, within dense canopy types, edge density 
decreased by 10.2%, while patch size variability decreased by 23.1% (Table 1).
Coniferous canopy closure and patch area classes: Large shifts occurred in nearly all 
canopy closure types for all patch area classes between 1949 and 1997. Patches <50 ha 
decreased considerably in total area, number of patches, and proportion for all canopy 
closure types. Patches >50 ha were generally divided between the sparse/open (<40%) and 
closed/dense (>40%) coniferous canopy densities (Figure 22). Sparse/open canopy types 
showed decreases for all patch area classes, while closed/dense canopy types increased. The 
largest changes occurred within sparse, open, and closed canopy forest. Between 1949 and 
1997, sparse and open canopy patches largely disappeared throughout the study area, while 
closed canopy forest dramatically increased in extent, number of patches, and relative 
proportion.
4.5-10 ha area class: Decreases were observed for all indices (Table 2). Within this area 
class, there was again an apparent division between canopy closure types. Sparse and open 
canopy forest showed decreases ranging from 20.8% to 42.2% for all three indices, while 
higher density closed and dense cover classes showed noticeably larger decreases of > 50%
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for all metrics (Table 2). It’s likely that these smaller area class patches were absorbed into 
the surrounding coniferous matrix by 1997.
Figure 22. Montane coniferous canopy closure by area class in Jasper National Park, 
Alberta (1949-1997).
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10-50 ha area class: With the exception of total area for closed canopy types, decreases 
were observed in all indices within this area class. The largest decreases occurred in the 
sparse and open canopy types, where >65% change was observed in all three indices within 
sparse canopy forest. In the open canopy type, relatively smaller decreases of 29.4, 23.2%, 
and 34.6% oceurred for total area, number of patehes, and proportion, respectively. Dense 
canopy closure patches for the 10-50 ha area class. Closed canopy forest showed the least 
change of all eanopy closure types within this area class; total area increased by 7.7%, while 
patch number and proportion decreased by <10%.
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Table 2. Total area, number of patches and proportion of montane eoniferous eanopy 
closure area classes in Jasper National Park, Alberta (1949-1997).
Total Area Niunber o f  Patches______Proportion
Area- Class 1949 1997 1949 1997 <^dif 1949 1997 •Midif
4 j  10 ha
Sparse (6  -  20%) 289.7 183.1 -36.8 41 26 -36.6 1.6 0.9 -42.2
O pen (21 - 40%) 429.5 340.9 -20.8 66 48 -27.3 2.4 1.7 -29.1
C losed  (41 - 60%) 300.9 116.2 -61.4 42 17 -59.5 1.6 0.6 -64.7
D en se  (> 60%) 260.7 120.6 -53.7 38 16 -57.9 1.4 0.6 -57.7
10-50 ha
Sparse (6 - 20%) 1200.9 402.2 -66.5 64 22 -65.6 6.4 2.0 -69.4
O pen (21 -40% ) 1565.6 1119.2 -29.4 69 53 -23.2 8.4 5.5 -34.6
C losed  (41 -60% ) 1495.2 1609.8 7.7 73 68 -6.8 8.0 7.9 -1.5
D en se  (> 60%) 1274.5 1111.7 -12.8 55 46 -16.4 6.8 5.5 -20.2
50-100 ha
Sparse (6 - 20%) 179.0 186.1 3.9 3 3 0.0 1.0 0.9 -4.9
O pen (21 -40% ) 525.2 769.2 46.4 7 11 57.1 2.8 3.8 33.9
C losed  (41 -60% ) 700.2 581.0 -17.0 11 8 -27.3 3.8 2.9 -24.1
D en se  (> 60%) 1117.8 1014.4 -9.2 15 14 -6.7 6.0 5.0 -17.0
100-500 ha
Sparse (6 - 20%) 460.1 0.0 -100.0 4 0 — 2.5 0.0 -100.0
O pen (21 -40% ) 2168.8 477.2 -78.0 10 3 -70.0 11.6 2.3 -79.9
C losed  (41 -60% ) 1328.5 3727.4 180.6 9 16 77.8 7.1 18.3 156.6
D en se  (> 60%) 2619.7 3884.3 48.3 15 15 0.0 14.1 19.1 35.6
> 500 ha
Sparse (6 - 20%) 0.0 0.0 0.0 0 0 — 0.0 0.0 0.0
O pen (21 -40% ) 0.0 0.0 0.0 0 0 — 0.0 0.0 0.0
C losed  (41 - 60%) 0.0 1271.3 0.0 0 2 — 0.0 6.2 100.0
D en se  (> 60%) 2698.6 3451.2 27.9 2 3 50.0 14.5 16.9 17.0
* b a s e d  o n  t h e  m inn ibeT  o f  p a t c h e s  i v i t h m  e a c h  p a t c h  a i e a  c l a s s
50-100 ha area class: Within this area class, closed and dense canopy types again 
experienced decreases in all indices, but were smaller in magnitude than the 10-50 ha class 
(Table 2). Open canopy forest showed sizeable increases of 46.4% and 57.1% in total area 
and number of patehes, respectively. Sparse canopy forest remained relatively stable.
100-500 ha area class: Of all five area classes, the largest changes were observed within this 
area class (Table 2). Again, an apparent division oceurred between the <40% and >40%
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canopy density types. Substantial decreases of >70% were noted for all indices within sparse 
and open canopy types, while all indices in the >40% canopy closure forest increased.
Closed canopy forest in particular, showed very large increases of >150% for total area and 
proportion, and an increase of 77.8% in patch number. Total area and proportion of dense 
eanopy forest increased by 48.3% and 35.6%, respectively.
>500 ha area class: This area class was dominated completely by higher density closed and 
dense forest types. No sparse, open, or closed canopy patches >500 ha existed in 1949. 
However, by 1997 there were two closed eanopy of this size (Table 2). Dense canopy forest 
was the only representative forest type within this area class in 1949. By 1997, the total area 
of this canopy type had increased by 27.9%, and number of patches from 2 to 3, representing 
a 17.0% increase in proportion.
3.2 Vegetation Transition Analysis
Landscape: Between 1949 and 1997, montane land cover showed noticeable transitions for 
nearly all cover classes, particularly within vegetated cover classes (Table 3). Figure 23 
provides a visual depiction of these transitional shifts. Within these cover classes, there was 
an overall shift toward coniferous forest cover, indicating that successional change was the 
principal influence of landscape change. Of the 16 cover classes, 11 remained relatively 
unchanged (Fig. 23).
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.Table 3. Montane vegetation transition matrix, Jasper National Park, Alberta (1949-1997). All values are expresses as percentages. Diagonal values in bold 
indicate the amount of each cover class that remained unchanged between 1949 and 1997.
o\
1949
1997
CN CN-A CN-B CN-C CN-D DE M X CX G R SH EO WE B R ES HD S M W A
CN 91.5 n/a n/a n/a n/a Ed: 2.1 0.5 0.2 0.6 0.3 0.2 0.2 0.1 2.0 0.1 0.5
CN-A n/a 7.6 31.0 30.0 20.1 1.7 3.1 0.1 1.0 0.8 1.0 0.1 0.6 0,0 2.1 0.0 0.8
CN-B n/a 1.4 21.2 47.1 17.8 1.0 4.2 1.1 0.2 0.3 0.1 0.2 0.7 0,0 3.9 0.0 0.8
CN-C n/a 1.1 6.9 51.6 31.2 1.3 2.4 0.8 0.1 0,5 0,4 0.2 0.4 0.1 2.0 0.2 0.8
CN-D n/a 0.6 3.9 15.8 74.8 0.6 0,5 0.2 0.1 0.8 0,2 0.2 1.2 0.1 0.8 0.0 0.2
D E 33.1 0.1 7.3 13.7 11.9 44.7 15.0 1.6 1.2 0.1 0.1 0.0 0.0 0.4 3.4 0.0 0.4
ECÎ 48.5 0.2 2.8 33.5 12.0 18.4 30.6 0.8 0.0 0.1 0.0 0.0 0.0 0.0 1.3 0.0 0.2
e x 66.5 6.9 8,2 20.6 30.9 3.5 7.6 5.4 0.1 5.3 0.0 2.9 0.0 0.3 5.7 0.5 1.9
GR 46.0 21.1 11.2 12.5 1.4 0.4 0.3 2.2 37.9 0.8 0.0 0.2 0.0 0.0 11.4 0.0 0.4
SH 30.2 1.0 4.0 7.3 18.1 1.2 6.8 2.9 2.5 48.7 0.7 3.5 0.0 0.2 0.5 0.0 2.6
FO 56.3 16.3 7.1 18.5 14.5 3.0 2.3 2.0 0.6 15.5 14.1 0.5 2.4 0.0 1.5 0.0 1.8
\NE 22.1 1.2 1.5 8.0 11.4 0.9 0.6 6.1 0.2 21.8 1.1 39.1 0.0 0.0 0.6 0.0 7.7
E R 48.0 2.6 4.0 2.7 38.8 0.2 0.0 0.6 0.1 0.0 1.0.5 0.0 36.5 4,1 0.0 0.0 0.1
ES 69.3 8.9 12.9 29.3 18.2 0.7 0.1 4.1 0.0 0.0 5.3 0.9 0.0 15.2 0.0 2.4 2.1
HD 21.7 2.0 4.5 11,5 4.1 0.9 1.7 0.9 0.6 1.8 0.1 0.1 0.0 0.0 70.2 0.0 1.5
S M 31.9 3.4 13.6 8.8 7.0 5.0 4.6 0.0 0.0 0.0 0.0 0.0 0.0 0.0 6.7 30.6 20.3
W A 5.8 0.3 1.6 2.8 1.1 0:1 0.3 0.8 0.0 2.5 1.0 1.6 0.0 0.1 1.6 3.0 83.2
Forested Classes
CN - coniferous forest 
CN-A - sparse coniferous forest (6-20%) 
CN-B - open coniferous forest (21-40%) 
CN-C - closed coniferous forest (41-60) 
CN-D - dense coniferous forest (> 60%) 
DE - deciduous forest”
M X - mixed forest
Non-forest Vegetation Classes
CX - complex vegetation 
GB. - grassland 
SH - shrub 
EO - forb 
WE - wetland
Non-vegetation Classes
BE. - bedrock 
ES - e ^ o se d  soil 
HD - human development 
SM - silt/mud 
W A - water
A. Non forested vegetation cover classes
Within the non-forested vegetation cover classes, grassland and forb showed the greatest 
transition, shifting mainly toward eoniferous forest cover (Table 3). For both cover classes, 
approximately 45% of their 1949 extent changed to coniferous forest by 1997. Similarly 
large transitions were seen within the complex vegetation class, of which just over 50% 
changed to coniferous forest cover.
Grassland: The grassland cover class showed a noticeable shift (46.0%) toward coniferous 
forest cover, particularly toward the sparse canopy closure type, with a change of 21.1% 
(Table 3). This was followed by transitions of 11.2% and 12.5% to open, and closed canopy 
closure classes, respectively. Nearly 38% of grassland remained essentially unchanged. Of 
some note was an 11.4% loss of grassland due to human development.
Shrub: Shrub cover classes remained largely stable with nearly 50% of their 1949 extent 
remaining unchanged between 1949 and 1997. There was, however, an overall 30.2% shift 
within this class toward coniferous forest cover, of which 18.09% was to the dense 
coniferous canopy closure class.
Forb: There were substantial transitions within the forb cover class, with 56.3% shifting 
toward coniferous forest cover (Table 3; Fig. 23). Forb cover shifts occurred mainly toward 
the sparse, closed, and dense coniferous canopy types in roughly similar magnitudes of 
16.3%, 18.5%, and 14.5%, respectively. Only 14.1% of its original extent remained the 
same, while 15.5% changed to shrub cover.
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Figure 23. Transitional pathways for 16 vegetated and non-vegetated cover classes in the 
montane ecoregion of Jasper National Park (1949-1997).
Change
10.25%
25-50%
> 50%
Complex Vesetation: The complex vegetation cover class showed a large transition of 66.5% 
to coniferous forest, particularly toward the more dense canopy closure classes, with 
observed changes of 20.6% and 30.9% of complex vegetation changing to closed and dense 
coniferous canopy closure, respectively (Table 3; Fig. 23). Of particular note was that only 
5.4% of this cover class remained unchanged between 1949 and 1997.
Wetland: Although approximately 39% of wetland cover remained unchanged over the 40- 
year time interval of this study, 21.8% shifted to shrub cover and 22.1% to coniferous forest
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cover, of which 11.5% was to dense coniferous forest (Table 3; Fig. 23). This represents a 
change of about 33% from its original 1949 extent.
B. Non-vegetated cover classes
As was observed within vegetated cover classes, non-vegetated cover showed noticeable 
shifts toward coniferous forest cover. The largest changes occurred in the exposed soil and 
bedrock classes. With the exception of exposed soil, the bedrock, human development, and 
silt/mud cover classes remained moderately unchanged with values ranging from 
approximately 30 to 40% (Table 3; Fig. 23). Human development and water classes largely 
remained unchanged between 1949 and 1997, 70.2% and 83.2%, respectively.
Bedrock: Only two notable transitions occurred within the bedrock cover class. A shift of 
48.0% toward coniferous forest, 38.8% of which shifted toward dense eoniferous canopy 
forest. The bedrock cover class also showed a 10.5% change to forb cover between 1949 and 
1997. A moderate amount (36.5%) of bedrock remained unchanged during this time period.
Exposed Soil: A substantial portion of the exposed soil class (69.3%) changed to coniferous 
forest cover. The bulk of this change (47.5%) was seen as a shift toward open, closed, and 
dense coniferous canopy forest, with observed changes of 12.9%, 29.3%, and 18.2%, 
respectively (Table 3; Fig. 23). Only 15.2% of exposed soil remained unchanged over 48 
years.
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Silt/Mud and Water. Within the silt/mud cover class 31.9% shifted to coniferous forest, of 
which 13.60% was toward open canopy coniferous forest (Table 3; Fig. 23). A change of 
20.3% to water cover was also observed. A moderate amount of 30.6% of the extent of this 
class remained unchanged. Of all cover classes in this study, water cover showed the least 
change. The majority of this class (83.2%) did not change over the 48-year interval.
C. Forest cover classes
Montane forest cover showed distinct shifts toward increased canopy density within 
coniferous forest and replacement of deciduous and mixed forest cover by coniferous forest 
between 1949 and 1997 (Table 3; Fig. 23). These transitional trends occurred mainly within 
the closed and dense coniferous canopy closure classes.
Coniferous forest cover: Coniferous forest cover remained the least changed of all cover 
classes in this study. Of total coniferous cover nearly 92% remained unchanged, indicating 
that very little coniferous forest shifted to other cover classes, and that all changes that 
occurring within this forest cover class were intrinsic (Table 3; Fig. 23).
Deciduous forest cover. Of the approximately 33% of deciduous forest cover that changed to 
coniferous forest cover, 13.7% and 11.9% shifted toward closed and dense coniferous canopy 
closure classes, respectively. There was also an observed change of 15.1% of deciduous 
forest to mixed forest cover (Table 3; Fig. 23). Nearly one-half (44.7%) of deciduous forest 
cover remained unchanged.
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Mixed forest Approximately 70% of mixed forest cover changed between 1949 and 1997. 
Nearly 50% ehangeed to coniferous forest, particularly 33.5% to closed eanopy and 12.0% to 
dense eanopy eoniferous eanopy forest. Mixed forest cover also showed a change of 18.4% 
toward deciduous forest cover.
D. Coniferous canopy transition
Coniferous Canopy Closure: Large shifts were observed within eoniferous forest eanopy 
between 1949 and 1997 (Table 3; Fig. 23). Coniferous eanopy closure generally shifted from 
lower density sparse and open canopy densities to closed and dense eanopy cover. Over the 
48-year period of this study, the magnitude of change within eoniferous canopy density 
classes followed a general linear trend with the greatest change occurring in the lower density 
classes and then diminishing as eanopy density increased. A similar trend was observed with 
respect to the amount of eoniferous forest that did not change. As eanopy closure class 
density increased, the amount of forest that remained unchanged also increased.
Sparse and open canopy closure: Sparse eoniferous eanopy cover showed the largest overall 
change of all coniferous eanopy classes in this study. Only 7.6% of sparse eoniferous forest 
remained unchanged (Table 3; Fig. 23). The greatest shifts within this class were toward 
open eanopy (31.0%) and closed eanopy (30.0%) eoniferous canopy densities, while 20.1% 
changed to dense coniferous eanopy forest.
Similar shifts toward increased eanopy density were seen within the open eoniferous eanopy 
class, although 21.2% remained unchanged. The largest magnitude of change was seen as a
8 1
47.1% shift from open canopy to closed canopy forest followed by a 17.8% change to dense 
coniferous canopy forest.
Closed and dense canopy closure: Compared to the sparse and open canopy closure classes 
noticeably more (51.6%) closed canopy coniferous forest remained unchanged (Table 3; Fig. 
23). An increase in coniferous canopy density was also observed as a 17.8% shift toward 
dense canopy closure.
E. Coniferous canopy transition by slope and aspect
Comparisons between slope and the extent of coniferous canopy closure that changed within 
the study area between 1949 and 1997 did not yield any clear trends. The percent area of 
coniferous forest that showed a decrease in canopy closure within this time interval was 
comparable across all slope classes (Fig. 24). With the exception of flat areas and the 51-60 
slope class, the extent of coniferous forest that either increased or showed no change was also 
relatively equal. Although the largest changes were observed in the flat and 51-60 slope 
classes, their areal extent within the study area covers only 9.1% and 0.04%, respectively, 
and their contribution to the overall study area was negligible.
Across all aspect classes, the percent area of coniferous forest that showed decreases in 
canopy closure between 1949 and 1997 was relatively equivalent (Fig. 25). Coniferous 
canopy closure increased to the largest extent (40-50%) on flat, south, and west aspects, 
while between 30 and 40% of coniferous forest showed no change in canopy closure. Again, 
flat aspects occupy only a small (2.5%) extent of the study area. On north and east aspects.
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the percent area of coniferous canopy closure change was essentially opposite to that of south 
and west aspects, where the majority (40-50%) of coniferous forest did not change, and 
between 30 and 40% of coniferous forest on north and east aspects showed increases in 
canopy closure.
Figure 24. Changes in areal extent (%) of coniferous forest by slope between 1949 and 1997 
in the montane ecoregion of Jasper National Park, Alberta.
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Figure 25. Changes in areal extent (%) of coniferous forest by aspect between 1949 and
1997 in the montane ecoregion of Jasper National Park, Alberta.
5 0 -
40 -
I  30-W A
2 0 -
10
ill
"I
i
11
!iilill
- 50
40
30
20
-  10
^  Decrease
I No Change 
Increase
f la t North East South W est
84
CHAPTER 4 - DISCUSSION
4.1 Montane Heterogeneity
Dramatic changes in most landscape indiees used in this study suggest that the Jasper 
National Park montane vegetation mosaic has become inereasingly homogeneous since 1949. 
By 1997 the montane landscape had shifted from a relatively heterogeneous landscape to one 
of fewer and larger patehes, with deereased edge density, patch size variability, and 
landscape diversity. These results strongly indieate a simplified, relatively coarse-grained 
landscape, diminished heterogeneity, and an inereasingly uneven distribution of eover elasses 
(MeGarigal and Marks 1995), whieh may influence a variety of ecologieal phenomena and 
processes (O’Neill et al. 1986, Turner 1989). Results from a similar study at a mueh smaller 
spatial scale eondueted in the JNP montane between 1949 and 1991 also suggested an 
apparent inereased homogeneity eharacterized by fewer patches and an increase in mean 
patch size (Rhemtulla 1999).
Large decreases in several metries, partieularly total class area, patch number, and edge 
density within nearly all non-forested vegetation cover classes suggest increased rarity of 
these cover classes. Deereased edge density indicates a less dissected landscape (Turner and 
Ruscher 1988), whieh in this ease suggests that the montane landscape has become 
increasingly uniform. Given that these non-forest vegetation classes are already relatively 
rare across the montane landscape, further decreases in these metrics could potentially 
eliminate these cover classes from the landscape altogether.
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Forb cover was completely altered within the montane ecoregion between 1949 and 1997. A 
great many forb patches were lost, or absorbed into the surrounding matrix, resulting in 
diminished spatial representation and increased rarity of this eover class. Rhemtulla (1999) 
observed a greater than 50% decrease in the number of forb patches between 1949 and 1991. 
As with other non-forest vegetation classes, forb cover often existed surrounded by forest 
and/or shrub cover. The disappearanee of forb patches may have been the result of forest 
encroachment and/or succession to shrubland cover.
There was also an apparent shift of some vegetation, particularly wetland, forb, and shrub 
classes toward other cover classes, particularly wetland to forb, and forb to shrub cover.
Also observed by Rhemtulla (1999) were large decreases in forb patch number and mean 
patch size, increases in number and mean size of shrub patches, and the apparent shift in forb 
to shrub cover. Rhemtulla (1999) similarly concluded that these results indicated a natural 
successional transition between the two eover classes.
Even more notieeable within these and other (grassland and complex) eover classes, was the 
complete disappearance of many patches into the surrounding matrix. However, it should 
not be interpreted that some vegetation patches eompletely disappeared, beeause in many 
cases, they still existed in 1997 as remnants of the originally delineated areas of cover. But 
because they did not meet the minimum polygon size or width (> 40 m for narrow polygons), 
a number of these areas were not included in the dataset.
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Large changes were also noted in shrub cover. However, in contrast with other vegetation 
cover classes, shrub patch size and total area actually increased, indicating some shift 
between this and other cover classes. The emergent picture is one of larger shrub patches, 
and as with grassland cover, the disappearance of many of the smaller shrub patches resulted 
in a more clumped, less widely dispersed spatial representation of shrub patches. An 
increase in shrub abundance was also reported by Achuff et al. (1996) in BNP. An increase 
in mean shrub patch size was also noted by Rhemtulla (1999). In contrast to this study, 
however, Rhemtulla (1999) reported an increase in the number of shrub patches. This was 
likely the result of differences in scale and minimum polygon size.
The increases in mean patch size and total area for shrub cover were, in part, the result of a 
number shrub patches appearing alongside the lower northeastern portion of the study area 
within a formerly forested area (see Fig. 8). The largest, most westerly of these new shrub 
patches was formed as the result of a windthrow event on the south flanks of Pyramid 
Mountain in 1989 (Dave Smith, pers. comm.).
As noted earlier, complex cover patches were characteristically undifferentiated, highly 
variable patches of vegetation existing in a number of spatial and canopy cover states, none 
of which met the minimum polygon size, and were therefore aggregated into a single cover 
class. Decreases in several patch indices of this cover class were likely the result of either in­
filling of these patches by forest cover classes due to natural succession, the encroachment of 
the surrounding forested matrix into the patch, or a combination of both processes.
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Relative to the other non-forested vegetation cover classes, wetland cover experienced the 
smallest overall change. The increase in number of wetland patches appears to have resulted 
from the fragmentation of formerly larger wetland areas into smaller patches and the 
appearance of several wetland patches that did not exist in 1949. This result could be linked 
to increased heaver activity in some areas (e.g.. Cottonwood Slough), decreased activity in 
others, and potentially lower water levels in 1997 (Ward Hughson, pers. comm.^).
Grassland patches experienced a dramatic decrease in spatial representation across the 
montane landscape between 1949 and 1997. Rhemtulla (1999) reported a decrease of 
approximately 37% in total grassland area. In this study, there were overall fewer and more 
widely dispersed grassland patches in 1997. Forest encroachment and/or ingrowth may 
explain the disappearance of smaller patches as most grassland patches were completely 
surrounded by forest cover in both time periods. Although an explicit treatment of forest 
encroachment was not conducted in this study, there is some evidence of coniferous forest 
impacting montane grassland areas. Figures 26 through 29 clearly show coniferous forest 
ingrowth and encroachment across four areas of 1949 and 1997 montane landscape.
Of note, two large grassland patches north of the Jasper townsite, the former Jasper airfield 
and Henry House, exerted a noticeable influence on mean grassland patch size (see Results). 
During the time period of this study, these two areas received active management by Parks 
offieials. The airfield was regularly brushed and mowed until at least 1999 to keep the area 
clear of trees and shrubs and is the only area in the Park that experienced continual
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disturbance, while Henry House was the scene of JNP’s first prescribed burn in 1985 (Alan 
Westhaver, pers. comm."^). More recently, however, the JNP fire-vegetation program has 
introduced a series of prescribed burns in the same area to reduce the extent of coniferous 
forest in these grassland areas. However, these planned burns had no impact on the current 
study as they were not initiated until 1998 (Alan Westhaver, pers. comm.).
With the exeeption of water, all non-vegetated classes exhibited noticeable changes in nearly 
all elass metrics. As was seen with vegetated cover, non-vegetated patches generally 
decreased in number and size between 1949 and 1997.
Although a decrease in the total area and number of bedrock patches was observed, it should 
be noted that patches of exposed parent material likely did not disappear altogether between 
1949 and 1997. The likely explanation is that vegetation cover increased on some bedrock 
areas to the point where classification criteria (i.e., > 5% forest eover) dictated that the area 
be defined as vegetated (Rhemtulla 1999).
It is also worth noting that the polygon produced by the Colin Range wildfire of 1989, which 
was classified as bedrock, actually contributed about 43% (178 ha) to the total area of 
bedrock in the 1997 dataset. Removing this patch from the dataset noticeably alters the 
observed changes in bedrock cover between 1949 and 1997. Without this polygon in the 
1997 dataset, total area of the bedrock class would have shown a decrease between 1949 and 
1997 of 63.2%, or nearly twice the value if the wildfire patch were included. If this logic
* FireWegetation Specialist, Resource Conservation, Parks Canada, Jasper
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was applied to mean patch size, the 1997 value would be 14.6 ha, a change of 54.1%. No 
other cover classes were affected by classifying this polygon as bedrock despite the fact that 
in 1949 coniferous forest occupied 117.8 ha of the area in question. Since the 1997 polygon 
was created by an intense, stand-replacing wildfire, all eoniferous forest cover within the 
polygon was effectively removed from the patch analysis.
Patches of bedrock and exposed soil of sufficient size to meet the minimum polygon size of 5 
ha became increasingly rare on the montane landscape. Exposed soil cover in particular had 
almost disappeared by 1997. Again, encroachment of vegetation cover classes into these 
formerly open areas provides a possible explanation for the observed changes.
The minor changes in silt/mud and water cover classes for all landscape metrics may have 
been related to differences in water levels or silt deposition, changes in river dynamics 
between the two time periods, vegetation change, and/or violations of the minimum polygon 
size or width criteria.
Results from this study show that between 1949 and 1997 the Athabasca River decreased in 
extent by 136.5 ha. This decrease contributed 71.6% of the total change in water cover 
between the two time periods. Variability in water levels seems to have contributed to the 
observed decrease in the extent of the water cover class. Overall water levels may have been 
higher in 1949, hut no reliable hydrologie data exist for this time (Ward Hughson, pers. 
comm.).
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Water level variability may also have contributed to the increase in the extent of silt/mud, 
and may explain the appearance of several silt/mud patches adjacent to the Athabasca River 
in the north-eastern portion of the study area in (see Figures 12 and 13). These patches alone 
account for 82.2% of the observed changes for this cover class. Again, some water and 
silt/mud cover polygons may have been too small to meet the minimum polygon size of 4.5 
ha, or were too narrow (< 40m) in 1949, but met with these criteria by 1997. The opposite 
would also be true, but the degree to which this affected the observed variability in these 
cover classes is unknown. However, the appearance of these silt/mud islands in the 
Athabasca River suggest that water levels were higher in 1949.
Human development increased in total area and number of patches between 1949 and 1997. 
A large portion of this increase resulted from an increase in the extent of the townsite of 
Jasper, the introduction of several polygons adjacent to railway and highway travel corridors, 
and the travel corridors themselves (Figures 12 and 13). With respect to travel corridors, it 
was evident during the airphoto interpretation process that areas alongside major travel 
corridors (e.g., Hwy. 16) were wider and clearly of human origin in 1997 than 1949, thus 
contributing some area to the overall extent of human development. Continual roadside 
brushing alongside segments of these travel corridors, particularly east and south of the 
Jasper townsite, have been continual for most of the past 25 or so years, although the extent 
of roadside maintenance in 1949 is uncertain (Mike Greer, Mark Cowan, pers. comm.^).
In both 1949 and 1997, forest cover dominated the montane landscape in JNP. Coniferous
' Highways Department, Parks Canada, Jasper
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forest cover in particular was the main vegetation cover class comprising approximately 90% 
of the montane in both time periods. Mixed and deciduous forest cover were substantially 
less well represented on the montane landscape. Deciduous forest cover was the least 
represented of all three forest types in the study area in both 1949 and 1997, and remained 
relatively stable in terms of spatial extent, number of patches, and mean patch size.
However, dense deciduous forest became increasingly prevalent between 1949 and 1997 in 
terms of both spatial extent, number of patches, and mean patch size.
Mixed forest patches, on the other hand, generally increased in number and decreased in 
mean patch size, indicating some fragmentation of this cover class between 1949 and 1997. 
This may have resulted from increasing dominance of coniferous forest within this class 
leading to some degree of absorption into the surrounding coniferous forest matrix. Similar 
increases in patch number and decreased mean mixed forest patch sizes were reported by 
Rhemtulla (1999), who further reported an increase in coniferous dominated mixed forest 
stands between 1949 and 1991.
Substantial changes occurred within the montane coniferous canopy density between 1949 
and 1997, becoming increasingly dense with fewer patches. Relative to 1949, the 1997 
coniferous landscape mosaic had fewer and smaller sparse and open canopy closure elass 
patches occupying less area. Additionally, the open canopy class in 1949 was relatively well 
represented, but by 1997 this picture had been dramatically altered, strongly suggesting a 
shift toward increased canopy density.
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In 1949, a relatively equal balance existed between sparse, open, and closed canopy 
coniferous forest. Of these three cover classes open canopy forest occupied a larger area in 
1949 than the other two classes. But by 1997, closed canopy closure patches occupied a 
disproportionately larger area. In both time periods dense canopy closure patches clearly 
dominated coniferous forest types.
The assertion that some shift in coniferous canopy density occurred between 1949 and 1997 
is given additional weight by the large and moderate increases in total area of the closed and 
dense cover classes, respectively, and the statistically significant increases in mean patch size 
for both cover classes. The substantially larger increases in these indices for the closed 
canopy class indicates that the shift toward increased canopy density largely occurred 
primarily within this class. Visual observations from maps of these cover classes indicated 
that a portion of the closed canopy class shifted toward the dense class.
Although the ranges of percent canopy closure used to define coniferous canopy closure 
classes were not identical between this study and Rhemtulla (1999), they were similar 
enough to derive conclusions regarding overall trends. An overall transition to increased 
canopy density was observed in both studies, however, a noticeably larger, and in contrast to 
Rhemtulla (1999), a statistically significant shift in mean patch size within the higher density 
classes was seen in this study.
Taken as a whole, coniferous eanopy closure became inereasingly homogenized with an 
apparent shift toward increased canopy density across the montane landscape between 1949
93
and 1997. This can be see by fewer and smaller patches sparse and open classes occupying a 
smaller proportion of the landscape. In contrast, by 1997 closed and dense canopy closure 
classes dominate the montane coniferous landscape with more and larger patches.
When coniferous forest patches were aggregated into patch area classes, large shifts were 
observed between 1949 and 1997. With the exception of 50-100 ha patches of open 
coniferous forest, patches of all canopy closure types <100 ha, and those representing sparse 
and open coniferous canopy closure, essentially disappeared from the landscape. Patches 
<100 ha were absorbed into the increasingly dense coniferous forest matrix, and by 1997, 
coniferous forest canopy was dominated by large (>100 ha) patches of closed and dense 
coniferous forest.
4.2 Montane Vegetation Transition
Over the 48-year period of this study, montane vegetation has shown an apparent transitional 
trend along a successional continuum. Wetland and forb vegetation cover classes moved 
toward shrub cover, while more telling perhaps, was the clear transition of coniferous forest 
toward increased canopy density. Additionally, results suggested that coniferous forest has 
encroached into areas of grassland, shrub, and forb cover. All vegetated and non-vegetated 
cover classes in this study shifted in various degrees to other cover classes, particularly 
closed and dense canopy coniferous forest. Results also show that, with the exception of 
closed and dense coniferous forest cover, human development, and water, areal extent of all 
cover classes changed substantially between 1949 and 1997. Additionally, all vegetation 
cover classes showed transitions to more than one of the other vegetation cover classes
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apparently following successional paths. These findings are similar to Rhemtulla (1999), 
who reported multiple transitional pathways between vegetated cover classes, an overall shift 
from early to late successional vegetation cover dominated by coniferous forest, and a 
noticeable increases in coniferous canopy density. Similar observations of forest 
composition changing from early to late serai stages have been reported in the southern 
Rocky Mountains (Keane et al. 2002).
Nearly all vegetated and non-vegetated cover classes remained unchanged to various degrees. 
Coniferous forest cover, human development, and water remained largely unchanged, while 
moderate amounts of shrub, wetlands, silt/mud, bedrock, and deciduous and mixed forest 
cover classes showed remained unchanged, suggesting some degree of stability within these 
cover classes between 1949 and 1997. Only small amounts of open coniferous forest, forb, 
and exposed soil cover remained unchanged. Of particular note were the sparse coniferous 
forest and complex vegetation cover classes, which completely changed to several other 
vegetation cover classes. The complex vegetation cover class for example, changed entirely 
to closed and dense canopy coniferous forest.
Deciduous and mixed forest cover classes experienced noticeable shifts toward coniferous 
forest cover, and in the case of mixed forest, an apparent overall increase in coniferous 
dominance. Deciduous forest cover showed a general shift toward closed and dense 
coniferous canopy closure classes, and to a lesser degree, mixed forest suggesting an overall 
loss of deciduous forest across the montane landscape. However, the small shift from mixed- 
to-deciduous forest indicates some regeneration of deciduous forest in certain areas. This
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may have resulted from undetected disturbance events inducing deciduous regeneration 
(Rhemtulla 1999).
Nearly one-half of deciduous cover remained unchanged, while smaller, relatively equal 
proportions changed to mixed forest and closed and dense canopy coniferous forest. This 
may have been the result of younger, understory coniferous forest -  indiscernible in 1949 -  
exerting an increased dominance in some deciduous and mixed forest stands over the 48 year 
interval of this study. A comparable transition between deciduous and coniferous forest was 
reported by Rhemtulla (1999) between 1949 and 1991. While a moderate amount of mixed 
forest remained unchanged, the majority changed to closed and dense coniferous forest, 
particularly toward the closed canopy class. These results suggest an increasing coniferous 
forest presence within mixed forest patches. Rhemtulla (1999) also reported large shifts from 
mixed-to-coniferous forest between 1949 and 1997.
Of all vegetated cover classes used in this study, the most noticeable change occurred within 
coniferous forest cover classes. Nearly the entire areal extent of sparse coniferous forest 
changed to the other three coniferous classes; open, closed, and dense canopy closure.
Results showed that approximately two-thirds of this class shifted in relatively equal 
proportions toward open and closed canopy forest, while about one-fifth changed to dense 
coniferous canopy, providing further indication that an increase in homogeneity has occurred 
within coniferous forest. Rhemtulla (1999) also reported moderate to large transitions from 
lower density (< 30% canopy closure) coniferous classes toward denser (>30% canopy 
closure) coniferous classes.
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Only one-fifth of the open coniferous cover class remained unchanged, the large portion of it 
(approximately one-half) shifting to the closed canopy class. Again, within this class a 
portion changed to dense coniferous canopy forest. The two remaining coniferous forest 
classes remained largely unchanged. However, just over one-third of the closed cover class 
changed to dense forest. Of interest though is the approximately 16% shift of dense 
coniferous forest to the closed cover class. This result may indicate that dense coniferous 
forest has reached a stage of successional senescence and is experiencing some degree of 
stand break-up, thus opening the canopy to some degree (Rhemtulla 1999).
One picture that emerges from this transition analysis is that, with the single exception of 
water cover, all cover classes shifted in various degrees toward one or more of the coniferous 
forest classes. In this context, several observations warrant discussion. Complex vegetation 
changed almost completely to closed and dense coniferous forest. This is likely an artifact of 
the undifferentiated nature of this cover class, where mixtures of coniferous forest of variable 
ages and canopy densities have expanded and become more homogeneous. By 1997 these 
patches may be of sufficient areal extent to meet the minimum polygon size, or merge into 
adjacent coniferous forest. This same rationale could apply to shifting deciduous/coniferous 
dominance in mixed forest stands.
Somewhat surprising were the apparently small transitions of shrub, wetland, forb, and 
exposed soil, and the moderate shift of bedrock to dense canopy closure. Given the relatively 
small magnitude of change, some level of forest encroachment might be suggested, where 
young, sparse coniferous forest existing at the outer edges of polygons of these cover classes
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in 1949 would age, canopy density increase, and by 1997 be of sufficient extent to warrant 
classification as dense coniferous cover. Forest encroachment and/or ingrowth may also 
account for the nearly 50% change of grassland to coniferous forest cover, particularly 
toward sparse, open, and closed coniferous forest cover.
Rhemtulla’s (1999) research examined forest encroachment in more detail than the current 
study, and provided strong evidence of forest encroachment upon grassland areas.
Additional evidence of forest encroachment into grasslands over a fire-free period of 
approximately 96 yr. was reported by Arno and Gruell (1986) in mountain grasslands of 
southern Montana. Analyses of forest encroachment and ingrowth using aerial photo 
comparisons from 1952 and the early- to mid-1990’s in a number of grassland and open 
forest areas within the Rocky Mountain Trench have shown decreases of over 20% in these 
two cover classes, with a greater than 40% increase in closed forest (Grasslands Conservation 
Council of British Columbia 2003). In the Ta Ta Creek Landscape Unit of southeastern 
British Columbia, Taylor et al. (1998) observed a greater than 50% decrease in grassland and 
open forest over the 40-year period between 1952 and 1992. In the Cariboo-Chilcotin region 
of British Columbia, 11% of grasslands in this area have changed to forest cover since the 
1960’s, with a loss of substantially more grasslands since the late-1800’s (Grasslands 
Conservation Council of British Columbia 2003). Coppedge et al. (2001) reported extensive 
encroachment into native grasslands of the Great Plains, USA by woody juniper (Juniperus 
virginiana). See Appendix D for visual examples from this study of apparent coniferous 
forest encroachment and ingrowth.
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Several broad conclusions may be derived from this study. Specifically with regard to the 
landscape mosaic, the montane ecoregion of JNP has undergone a noticeable shift from the 
relatively fine-grained heterogeneous mosaic of 1949, to a coarser-grained, increasingly 
homogeneous, and less diverse landscape. Patches of less common and generally unevenly 
distributed land cover classes decreased in spatial extent, number, size, edge density, and in a 
number of cases, largely disappeared from the landscape. The decrease in the number of 
cover class patches such as forb, wetland, shrub, and grasslands gains perhaps more 
significance when taken in the context of Andison’s (2003) conclusion that most naturally 
occurring open, non-forested patches in JNP and the Rocky Mountain eastern foothills are 
more enduring, and were probably present in the same form 2-300 years ago.
Although coniferous forest dominated the landscape in both time periods, coniferous canopy 
became increasingly dense, absorbing the other relatively open, less dense canopy classes 
into the surrounding coniferous forest matrix. This has led to increases in overall spatial 
extent and patch size of the more dense canopy classes, and an attendant decrease in edge 
density, resulting in an increasingly homogeneous coniferous forest landscape.
Increased coniferous forest density over the past 40-100 years has been observed in 
numerous studies. Taylor et al. (1998) observed a two-fold increase in the extent of closed 
and dense forest in the Ta Ta Creek area of the Rocky Mountain Trench in British Columbia. 
Covington and Moore (1994) noted an increase in ponderosa pine (Pinus ponderosa) density 
of 10-times since European settlement. Over an approximately 60-year fire-free period in the 
San Bernardino Mountains of California, Minnich et al. (1994) observed increased stand
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densities of mixed-conifer forests. Jeffrey pine {Pinus jejfreyi) and Jeffrey pine-white fir 
{Abies concolor) forest densities have increased in the fire-free interval between 1905 and 
2000 in the southern Cascades of California (Taylor 2000). Other studies have reported 
three- to five-fold increases in ponderosa pine forests (Keane et al. 2002).
The effects of slope and aspect on coniferous forest canopy density change are difficult to 
ascertain from this study alone, however, several broad observations may be made. An 
increase in canopy closure was most noticeable on mainly south and west-facing aspects, and 
to a lesser extent on north and east-facing aspects. The higher values of canopy closure 
increase on south and west aspects may have occurred within the lower density sparse and 
open coniferous canopy cover classes, while the higher density closed and dense canopy 
coniferous classes may have experienced larger overall change on north and east aspects. 
However, rather than analyzing aggregated canopy densities, and examination into the 
relative amounts of each canopy density class present in each aspect class for each of the 
1949 and 1997 time periods combined with change by aspect data for the individual canopy 
density classes may provide more conclusive results.
The 10-20% decrease in coniferous forest canopy density across all slopes and aspects 
observed in this study were partly the result of forest loss due to the 1989 wildfire on the 
northwestern slope of the Colin Range, which removed approximately 188 ha of coniferous 
forest from the 1997 dataset. Another possible explanation is the appearance of several shrub 
patches on the south-western slopes of the 1997 study area (Fig. 8), the largest being a 34.2 
ha patch resulting from a confirmed 1989 windthrow event on the south slope of Pyramid
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Mountain (D. Smith, per s. comm.). The transition analysis also showed that nearly 8% of 
coniferous forest changed to other cover classes (see Table 3).
The Grasslands Conservation Council of British Columbia (2003) reported increased forest 
canopy density on southerly aspects and a higher occurrence of closed forest on northerly 
aspects with a higher likelihood of shifts from open to closed forest on these aspects. 
Additionally, Rogeau et al. (2001) found older forests were more prevalent on north, 
northwest, and easterly aspects, while younger forest were generally located on southwest 
and westerly aspects. In the same study, Rogeau et al. (2001) showed that valley orientation, 
aspect, and proximity to the Continental Divide accounted for 70% of the variation in stand- 
age patterns in montane regions of BNP. However, variables were not treated individually to 
ascertain their relative contribution to this result (Rogeau et al. (2001). Results of aspect 
analysis are in some ways strikingly similar to Rhemtulla (1999), despite the fact that the 
larger spatial extent of this study area include much more variability of aspects. In both 
studies, decreased eanopy density yielded the lowest values of all change classes with values 
relatively evenly distributed across all aspect classes. Similarly, of canopy density that 
remained unchanged, the majority was seen on north and east aspects, with less on south and 
west aspects. In this study, on aspects where canopy density increased, most change was 
observed on south and west aspects, with less occurring on north and east aspects. This is in 
contrast to the Rhemtulla (1999) study that showed a very even distribution of values across 
all aspects.
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Landscape vegetation trends such as these may have important implications for biological 
diversity and forest ecosystem health (Wolter and White 2002). Such changes in the 
composition and structure of a landscape’s patch mosaic can cause changes in species 
richness, population distribution and persistence, and increased probability and propagation 
of disturbances such as insects, pathogens, and fire (Franklin and Forman 1987, Hulshoff 
1995, McGarigal and Marks 1995, Achuff et al. 1996, Coppedge et al. 2002). At the 
landscape-scale increased homogeneity influences pattern diversity (Keane et al. 2002). 
Romme (1982) observed decreased landscape diversity, and an increasingly uniform 
landscape in Yellowstone National Park in the absence of fire.
4.3 Ecological Implications
The results from this, and other landscape studies confirm widely held assertions that any 
modification of a landscape’s disturbance regime will lead to noticeable compositional 
changes in land cover strueture, and presumably ecological processes. Because of fire 
exclusion, a myriad of cascading effects has affected the entire Rocky Mountain ecosystem, 
and the eeological health of this area is in deeline (Keane et al. 2002). In the absenee of 
disturbance maintaining a relatively fine-grained mosaic of vegetation patches at various 
suecessional stages, the vegetation eover across the montane ecoregion of JNP has become 
progressively homogeneous, aged and has entered an advanced successional stage that may 
have significant ecological effects on native flora and fauna. Similar conelusions have been 
noted in other studies examining the effects of fire exclusion on forested landseapes (Keane 
et al. 2002).
1 0 2
A growing body of research has shown that landscape heterogeneity and structure affects a 
wide variety of species. Properties of forested landscapes such as patch size and edge have a 
direct influence on flora and fauna (Andren 1994, Ripple et al. 1991). Landscape metrics 
such as area, patch size variability, edge density, and diversity have been used at various 
scales to assess landscape distribution of birds (McGarigal and McComb 1994, Knick and 
Rotenberry 1995, Flather and Sauer 1996), ungulates (Turner et al. 1994, Kie et al. 2002), 
carnivores (Mladenoff et al. 1995), and grizzly bears (Popplewell et al. 2003).
Species richness, occurrence, and abundance of large number of bird species are affected by 
patch size (Andren 1994, Knick and Rotenberry 1994, McGarigal and Marks 1995). Atauri 
and de Lucio (2001) reported a strong correlation between structural heterogeneity and bird 
species richness in Mediterranean landscapes, while Moreira et al. (2001) observed an 
inverse relationship between landscape diversity and bird species diversity in Portugal. 
Moreira et al. (2001) further reported higher species richness of specialist bird species in 
deciduous forest patches, while generalist species were less sensitive to specific habitats 
(Moreira et al. 2001). Bird species abundance near Prince Albert, Saskatchewan was found 
to be correlated with canopy closure, forest type, and stand age (Kirk and Hobson 2001). 
Knick and Rotenberry (1994) reported that horned larks (Eremophila alpestris) and western 
meadowlarks (Stumella neglecta) are dependent on the size and spatial extent of grassland 
and shrub patches.
Landscape heterogeneity and structure has also been shown to affect large mammalian 
species. Habitat heterogeneity metrics such as patch size and edge density were shown to
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affect home-range size of female mule deer (Odocoileus hemionus) (Kie et al. 2002). A 
study assessing the predictability of favourable gray wolf (Canus lupus) habitat conducted by 
Mladenoff et al. (1995) suggested that landseape diversity plays a significant role in wolf 
habitat selection. Canopy density and stand age are correlated with buffaloberry (Sheprdia 
Canadensis) produetion, which can affect seasonal grizzly bear (Ursus arctos) habitat quality 
(Achuff et al. 1996). Popplewell et al. (2003) reported a correlation between patch size, 
edge density, and grizzly bear density. In turn, grazing by large mammals such as elk 
{Cervus elaphus) affects vegetation and habitat quality for other species by suppressing aspen 
regeneration (Achuff et al. 1996, Keane et al. 2002). An unpublished study of approximately 
300 aspen stands in the JNP montane indicated that less than 5% of these stands were 
showing any regeneration, concluding that the lack of regeneration was the result of elk 
grazing (Alan Westhaver, pers. comm.). In the absence of fire, elk carrying capacity can be 
reduced as the result of forage quality (Keane et al. 2002).
4.4 Fire Regime Alteration
Significant shifts in fire regimes over a broad variety of Rocky Mountain landscapes have 
have been widely reported since the early 1900’s. There is widespread agreement that recent 
fire regime changes are in fact more than mere background noise, but are significant 
departures from historic conditions (Achuff et al. 1996).
The relationship between fire suppression, fire regimes, and landscape change has been 
widely discussed in the literature and numerous authors have concluded that the 
consequences of fire suppression on landscape structure and function are potentially severe
104
(Heinselman 1973, 1975, Arno and Gruell 1986, Christensen 1988, Baker 1992, Hobbs and 
Huenneke 1992, Arno et al. 1993, Barton 1995, Camp et al. 1995, Christensen 1993, Aebuff 
et al. 1996, Andison 2003). Moreover, it is also widely aeeepted that eurrent landseape 
vegetation structures across much of the North American Rocky Mountain region are largely 
the result of fire suppression over the past century.
Fire suppression have been active on some level in JNP for the past 60 years, especially over 
the last 40 years (Andison 2000). In the past 110 years the fire regime in the montane 
ecoregion of JNP has undergone a dramatic shift from one of relatively frequent, surface fires 
toward a regime of very few fires at all. As mentioned earlier, except for human-caused 
28,000 ha Syneline Ridge fire of 2003, there hasn't been a major fire in JNP since 1889. This 
is a significant departure from historic fire oeeurrenee, where in any given 20-year period 
over the previous 140 years, disturbances may have affected anywhere from 6-54% of 
montane forests (Andison 2000). In fact, the eurrent fire regime is unprecedented in the last 
500 years (Van Wagner 1995). This is in spite of the fact that the 20**' century did not 
experience any significant change in fire weather conditions in the Rocky Mountains (Barney 
and Stocks 1983, Van Wagner 1995, Achuff et al. 1996).
Although fire suppression has apparently had significant effects on historic fire regimes over 
the past 100 or so years, decoupling of indigenous peoples from the landscape toward the end 
of the 19**'-century cannot be denied as a potential, and possibly significant contributor to the 
lack of fire experienced in many forested ecosystems. Moreover, any discussion of fire 
exclusion must include a discussion of the use of fire by indigenous peoples (Keane et al.
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2002). Results from a study conducted in the Canadian Rockies (one of the study sites was 
in an area of JNP known as Buffalo Prairie) by White et al. (2000) showed that the position 
of the majority of fire scars coinciding with spring and dormant seasons clearly supported the 
prediction that cultural burning (indigenous peoples and early settlers) routinely burned 
meadow areas. These meadow burns often spread to major areas of forest (White et al.
2000). Although not explicitly related to indigenous peoples, the results of White et al.
(2000) indicate that cultural burning may have had a noticeable effect on the overall fire 
regime. Other studies have provided strong support for the assertion that indigenous peoples 
possesses a sophisticated understanding of fire and used it to maintain a variety of ecological 
areas as sources for hunting, cultivation, open land, and ancillary materials (Kay and White 
1995, Delacourt and Delacourt 1997, Kimmerer 2000, White et al. 2000, Kimmerer and Lake 
2001, Keane et al. 2002).
This lack of disturbance has caused a significant shift in the vegetation mosaic of the 
montane ecoregion, apparently away from a relatively fine-grained mosaic of patches at 
various successional states toward that of an increasingly aged, coarse-grained, homogeneous 
landscape mosaic characterized by patches at mature and advanced successional stages. 
Currently, only 2.6% of forested area in the JNP montane is younger than 70 years old, while 
since about 1940, the amount of forest older than 100 years has increased from 21% to 78% 
(Andison 2003). Another example of such vegetation change was reported by Achuff et al.
(1996) in the Banff-Bow Valley area where, over a span of 95 years, vegetation has 
progressively aged and become increasingly dominated by coniferous forest cover. Similar 
changes were also observed in coniferous forests of the San Bernadino Mountains, California
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(Minnich et al. 1993), and coniferous forests in Grand Canyon National Park, Arizona 
(Nystrom-Mast and Wolf 2004). Due to fire exclusion, coniferous forest has encroached into 
aspen stands (Keane et al. 2002).
It is difficult to ascertain whether the vegetation patch variability noted in this study falls 
within the range of natural variability for the montane ecoregion, or whether the eurrent 
montane landscape structure is historically unprecedented, and leads to the question as to 
what is normal in an ever-changing environment. It is also possible that the changes in 
coniferous canopy and apparent forest encroachment and ingrowth seen here are, in part, 
species- and site-specific artifacts related to delayed regeneration resulting from historic 
spatial and temporal disturbance regime variability, climatic variability, and landseape 
heterogeneity.
Variable post-fire recruitment patterns have been reported in a number of studies. In 
ponderosa pine forests of Rocky Mountain National Park, USA, Ehle and Bakera (2003) 
reported two regeneration pulses over a period of 300 years. White spruce in Alberta showed 
a post-fire delay of at least 20 years in some stands before regeneration began, with continual 
spruce regeneration occurring for 15-65 years (Lieffers and Stadt 2003). Galipeau et al.
(1997) observed two spruce regeneration pulses of 20 years initially, followed by a second 
pulse 40 years post-fire. White spruce regeneration periods of up to 100 years have also been 
reported in other studies (Lieffers and Stadt 2003). In lodgepole pine forests of the Selway- 
Bitterroot Wilderness Area of Montana, Kipfmueller and Kupfer (2005) noted that although 
understory composition was specifically associated with time-since-fire, considerable
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variability was seen, suggesting some linkage between seed arrival and establishment.
Lesieur et al. (2002) showed that speeies replaeement occurs when the fire-return interval is 
long enough, where over a 40-year period, 25% of their 38,000 ha study area in south-central 
boreal forests of Quebec experienced a transition between deciduous and coniferous forest 
species. In mixed-severity fire regime ponderosa pine/Douglas-fir forests of Colorado, 
Kaufmann et al. (1999) reported highly variable patterns of spatial and temporal 
heterogeneity resulting from natural fire and tree regeneration, and further noted some 
variability in the timing and intensity of tree recruitment between study sites.
The mixed-intensity fire regime and variable tree recruitment patterns within the montane 
ecoregion in JNP would have resulted in considerable spatial and temporal heterogeneity and 
produced a shifting mosaic of coniferous forest patches at a variety of time-since-fire 
intervals, regenerative states, and eanopy densities. This would have likely been interspersed 
by grasslands at various stages encroachment and/or ingrowth, which would also be the result 
of site-speeifie time-sinee-fire intervals. These larger-scale factors are further compounded 
by variation between relatively fine-scale, site-speeifie slope, aspect, edaphic, moisture, and 
biotic factors common in areas of complex topography, which will also impact tree 
regeneration, possibly resulting in multiple successional pathways. This would likely have a 
significant impact on the expression of heterogeneity at the landscape-level. Our knowledge 
of landscape-scale processes are mostly limited to those extrapolated from the stand-level, or 
in other words, landscape-scale variability is defined by spatial and temporal shifts at the 
stand-level, and as hierarchy theory suggests, is in turn limited by processes operating at the 
landscape-level (Andison and Kimmens 1999).
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Classifying forested polygons by species was not conducted in this study, but typing these 
polygons by standardized fuel types and analyzing transition rates among these fuel types in 
conjunction with canopy density and time-since-fire estimates may yield more information 
into the overall heterogeneity and range of historic variability of the montane landscape. 
Additionally, such analyses in terms of ingrowth and encroachment applied to grassland 
patches may provide useful information into rates and magnitude of change of grassland 
areas.
4.5 Management Implications
The presence of fire as the prevalent disturbance agent has been replaced by its absence as a 
major driver of change across many landscapes. If fire affects diversity across all scales of 
fire-landscapes, then its absence will also have similar effects. The current absence of fire is 
of growing concern among fire and vegetation managers (Dave Smith, pers. comm.). JNP is 
currently susceptible to very high levels of forest fire activity, and combined with large areas 
of older forest beyond the natural range of variability, and the fact that historically, the 
montane ecoregion the most severe fire season compared with other ecoregions in the Park, 
the likelihood of large conflagrations is very real (Andison 2002).
Landscape managers cannot exclude the explicit consideration of fire as part of the landscape 
(Agee 1995, Alexander and Dube 1983, Baker 1994, Day et al. 1988, Hobbs and Huenneke 
1992). This consideration about the critical nature of fire in the shaping and maintenance of 
landscape diversity continues to produce widespread change in the policies and practices of 
many agencies. Those managers responsible for parks and protected areas are increasingly
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focusing their attention on landscape-scale patterns and processes produced by fire.
Ecosystem managers in the Canadian National Parks are continually seeking new methods 
and techniques of landscape management that will allow them to ensure the maintenance of 
ecological integrity. Their mandate as stated in Parks Canada's Guiding Principles and 
Operational Policies is to, "give the ecosystems of the national park the highest degree of 
protection and to ensure the perpetuation of natural environments essentially unaltered by 
human activity." It further states that, "Parks Canada will establish measurable goals and 
management strategies to ensure the protection of ecosystems in and around national parks." 
As part of the Canadian National Parks system, JNP is obligated to follow the above 
guidelines and focus ecosystem management toward the maintenance of ecological integrity 
not only within the park itself, but also as part of the larger regional ecosystem.
The acceptance that attempted long-term fire exclusion produces negative compositional and 
structural changes and seriously affects ecological integrity compels managers to decide in 
what state the landscape should be preserved (Christensen 1988). Information derived from 
historic landscape pattern and fire variability studies is valuable in the context of the natural 
range of variability (NRV) of ecological systems.
Landscape managers are relying increasingly on NRV to gain an understanding of the spatial 
and temporal variability of past and present ecological systems and develop management 
policies and plans appropriate for a given area (Landres et al. 1999). Despite objections 
regarding the use of NRV due to the dynamic spatial and temporal nature of ecological
n o
patterns and processes, the lack of suitable “pristine” areas for study, and the fact that if 
historic conditions were to be recreated, they would be maintained in a static condition, 
concepts of natural variability can assist landscape managers in understanding ecological 
conditions and possible consequences of management activities (Landres et al. 1999). An 
understanding of historic patterns of variability, whether implemented as management policy 
or not, could only serve to enhance our understanding of the manner in which landscape 
patterns and processes respond to factors such as climate and fire regime variability. Prior to 
direct intervention with the goals of maintaining landscapes within the natural range of 
variability, empirical and observational studies must first be conducted so that restorative 
programs are based on a solid understanding of how landseapes have developed over time 
and how they have responded to altered disturbance regimes.
While studies such as this provide valuable baseline information into spatial and temporal 
landscape variability, and may be of some use to landscape managers, an understanding of 
the links between historic fire regime variability, landscape pattern and process, and the 
consequences of landscape change remains elusive. Additional landscape pattern research is 
required for other similar areas with the Canadian Rockies to augment the few in existence.
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APPENDIX A -  Vegetated and non-vegetated classification schemes (adapted from, 
Ecological (Biophysical) Land Classification of Banff and Jasper National Parks, 1982; 
Alberta Vegetation Inventory, 1997; and BC Resources Inventory Committee, 1998).
V e g e t a t e d  ( V G )  ( >5% tree, shrub, herb cover)
"► Wetland (WE) ( >5% cover -  bogs, fens, marshes, swamps)
-► Non-Wetland (NW)
Treed (TR) ( >5% tree cover)
Coniferous (CN) ( >75% cover)----
Deciduous (DE) ( >75% cover) —
Mixed (MX) (neither >75%)
A: Sparse (6-20% cover)
B: Open (21-40% cover)
C: Closed (41-60% cover)
D: Dense ( >60% cover)
-► Non-Treed (NT) ( <5% tree cover)
-► Shmh (SH) ( >20% cover)
(woody perennials)
-► Grassland (GR) ( >20% cover)
(graminoids)
-► Forbs (FO) ( >20% cover)
(herbaceous plants other than graminoids)
-► Complex Vegetation Pattern (CX)
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N o n - V e g e t a t e d  ( N V )  (<S% vegetation cover)
-► Open Water (WA)
-► Land (LA)
“► Rock/Rubble (RO)
"► Bedrock (BR) (unfragmented consolidated rock 
outcroppings)
-► Exposed Land (EL)
-► Silt/Mud (SM) (flat plane-like areas i.e., sediment, 
mudflat, gravel, sandbars associated with rivers, 
streams, lakes, or ponds)
-► Exposed Soil (ES) (avalanche slopes, bare soil)
"► Human Development (HD) (residential, commercial, 
and industrial sites, buildings, transport corridors, and 
any other associated human development)
127
APPENDIX B -  GIS METHODOLOGY
1. Georectification and polygon coverage methodology.
Ground control points (GCP) were identified from features appearing on the 1997 
photographs. GCP's ineluded such features as street and highway intersections, other human 
development, individual trees, and rocks. These features were subsequently identified on 
digital orthophotographs from the same 1997 series and the corresponding UTM coordinates 
recorded. A minimum of 25 GCP's were reeorded for each photograph. Fortunately, many 
features existing in 1949 remained readily identifiable in the 1997 digital orthophotographs, 
thus making UTM coordinate data relatively easy to colleet.
All polygons and GCP's from each photograph were transferred to 8.5x11 acetates and then 
scanned to .tif format images. The resulting images were cleaned, vectors automatically 
traced, and then exported to a .dxf file format using Corel® vS.O. All individual files were 
then converted to shapefiles using ArcView® v3.2 (ESRI Technologies), and subsequently 
converted to Arclnfo® v7.x/v8.x (ESRI Technologies) coverages.
TIC-ids corresponding to GCP locations were added to each coverage. Georectification was 
accomplished by creating a new coverage and adding identical TIC-ids with their 
corresponding GCP-UTM coordinates. The Arclnfo® affine transform command was then 
executed for the two coverages and root mean sqare (RMS) values recorded as an indication 
of rectification error. RMS errors for 1949 and 1997 were 0.88 mm (35.2 m) and 0.82 mm 
(32.8 m), respectively. Links were added to each TIC-id and the Arclnfo® adjust function 
used to further minimize RMS error from the initial transformation. Eighteen coverages 
were derived for each time period.
All dangling vectors from each coverage were then manually joined to their mates to create a 
single seamless coverage for each time period. All polygons were given unique labels 
corresponding to those in the classification databases, and database tables joined to 
corresponding coverages. Each coverage was then clipped to the montane ecosystem 
boundary resulting in two final study area (287,000 ha) polygon coverages for each time 
period.
2. Transition Analysis
Original classified Arclnfo® coverages for 1949 and 1997 were rasterized and exported to 
ASCII. Resultant ASCII files imported into IDRISI® Kilimanjaro (Clark Labs) raster 
datasets and compared using the CROSSTAB module. Crosstabulation matrices were then 
generated.
3. Slope and Aspect Analysis
Jasper National Park DEM (25m cellsize) raster dataset was clipped to the study area extent. 
Slope and aspect raster datasets were then generated from the resultant study area DEM using 
Spatial Analyst® (ESRI Technologies). Slope and aspect datasets were then reclassified as 
follows:
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Slope Class Aspect Class
Flat -1 Flat -1
0-10° 1 North (315-45°) 1
11-20° 2 East (46-135°) 2
21-30° 3 South (136-225°) 3
31-40° 4 West (226-315°) 4
41-50° 5
51-60° 6
All classified coniferous forest polygon data for each time period were extracted to ESRI 
shapefiles, converted to raster format, and exported to ASCII. Resultant ASCII files were 
then imported into IDRISI® and compared using IDRISI CROSSTAB module. The resultant 
raster crosstabulation dataset was exported to ASCII and imported into Arclnfo®. Eor each 
canopy closure class, the crosstabulation coniferous forest transition data were reclassified as 
follows:
Transition State Class
Decrease -1
No Change 0
Increase 1
The transition data were then aggregated and integrated with slope and aspect data using 
Arclnfo® IDENTITY function. Resultant data were exported to .dbf files, imported to MS 
Access, queried, and percentages calculated.
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APPENDIX C - Description of landscape and patch metrics (adapted from McGarigal 
and Marks, 1995).
Metric Landscape Class
Total Area (ha) 
Number of Patches
Proportion
Mean Patch Size (ha)
Patch Size Coefficient of Variance
TA = A\ 1
10,000
NP = N
%LA = | ^ h l O O
MPS=M— —^
V (10,000
PCV = ’^’^ ( 1 0 0 )  
MPS
^""[lO.OOO
NP = n,
%LA =
MPS =
*100
1
(10,000
PCV = ^ ^ ^ {io o )  
MPS
Patch Size Standard Deviation
Edge Density (m/ha)
Shannon's Evenness Index
where,
PSD =
£ D =  ^ (10,000)
SEI =
Inm
n,
1
10,000
ED = 1
A (10,000 
n/a
A =
% = 
E =
e» =
m = 
m’ = 
N = 
n =
n, = 
P; -
Total landscape area (m )
Area (m )^ of patch i j
Total length (m) of edge in landscape; includes landscape boundary segments
Total length (m) of edge in landscape between classes i and k\ includes landscape boundary segments
Number of classes present in the landscape, excluding the landscape border if present
Number of classes present in the landscape, including the landscape border if present
Total number of patches in the landscape, excluding any background patches
Number of patches in the landscape
Number of patches in the landscape of class i
Proportion of the landscape occupied by class I
and,
i = 1 , ,  m or m’ classes 
j = 1, . . . ,  n patches 
k = 1, . . . ,  m or m’ classes
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APPENDIX D -  Graphic examples of coniferous encroachment and ingrowth
Figure 26. Representation of coniferous encroachment and ingrowth between 1949 and 
1997, south of Jasper townsite.
1949 1997
Figure 27. Representation of coniferous ingrowth between 1949 and 1997, northeast 
of Jasper townsite along the Celestine Lake Road.
1949 1997
r  - ' -
131
Figure 28. Representation of coniferous ingrowth between 1949 and 1997, northeast
of Jasper townsite along Highway 16.
1949 1997
Note: The dashed line box in each image indicates the approximate location of the 1985 
Henry House prescribed burn. The Jasper airfield is located adjacent and to the 
right of the boxes. Note the lack of vegetation change due to continual 
disturbance from mowing and brushing.
Figure 29. Representation of coniferous ingrowth between 1949 and 1997, northeast 
of Jasper townsite near former Warden Headquarters and Maligne Range.
1949
Note: Although significant and continual disturbance occurred over relatively small 
areas near the former Warden Headquarters (dashed line boxes) and Maligne 
Range (solid line boxes), ingrowth is clearly evident in other areas in the images.
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